中国貴州省における酸性鉱山廃水(AMD)影響の有無によるカルスト水の水文地球化学特徴に関する研究 by 孫, 静
1 
 
 
 
Hydrogeochemical characteristics of karst waters 
with and without acid mine drainage at a coalfield, SW 
China 
January 2014 
 
 
 
  
 
 
 
 
 
 
Jing Sun 
 
 
Graduate School of Horticulture 
 
CHIBA UNIVERSITY 
 
 
 2
(千葉大学審査学位論文) 
 
 
Hydrogeochemical characteristics of karst waters 
with and without acid mine drainage at a coalfield, SW 
China 
 
January 2014 
 
 
 
 
 
 
 
 
Jing Sun 
 
 
Graduate School of Horticulture 
 
CHIBA UNIVERSITY 
 
I 
 
Contents 
Contents ........................................................................................................ I 
Abstract ........................................................................................................ 1 
要旨 ............................................................................................................... 3 
List of tables and figures .............................................................................. 5 
Acknowledgement......................................................................................... 7 
1 Introduction ............................................................................................... 9 
1.1 Karst regions and karst water ....................................................................... 9 
1.1.1 Karst regions ................................................................................................ 9 
1.1.2 Basic characteristics of karst water ............................................................ 10 
1.1.3 Vulnerability of karst water ......................................................................... 11 
1.1.4 Control measures of karst water ................................................................ 12 
1.2 Pyrite oxidation mechanisms ....................................................................... 13 
1.2.1 Mechanisms of pyrite oxidation by Fe3+ and dissolved O2 ......................... 13 
1.2.2 Characteristics of pyrite surface oxidation .................................................. 14 
1.3 Acid mine drainage ....................................................................................... 15 
1.3.1 Fe-oxide involvement in acid mine production ........................................... 16 
1.3.2 The effect of AMD on water quality ............................................................ 17 
1.3.3 AMD prevention .......................................................................................... 18 
1.4 Stable isotope (δ18OH2O, δ2HH2O, δ34SSO4 and δ18OSO4) ................................... 19 
1.4.1 Basic characteristics ................................................................................... 19 
1.4.2 Isotope effect .............................................................................................. 19 
1.4.3 Isotope fractionation mechanisms .............................................................. 20 
1.4.4 Research on the stable isotope .................................................................. 21 
1.5 Purposes of this study .................................................................................. 22 
2 Site descriptions ...................................................................................... 25 
2.1 General natural condition ............................................................................ 25 
2.2 Geological and hydrologic conditions ........................................................... 26 
 II
2.3 Mining activities of the study area .............................................................. 27 
2.4 Description of the paired catchments .......................................................... 28 
3 Materials and methods ............................................................................ 30 
3.1 Field survey .................................................................................................. 30 
3.2 Analytical methodology ................................................................................ 30 
3.2.1 Cations, anions and trace elements ........................................................... 30 
3.2.2 Stable isotope: δ18OH2O, δ2HH2O, δ34SSO4 and δ18OSO4 ................................. 31 
3.3 Modeling applications .................................................................................. 32 
3.3.1 Mass balance ............................................................................................. 32 
3.3.2 Principal component analysis (PCA) .......................................................... 33 
3.3.3 PHREEQC (a computer program) .............................................................. 33 
3.3.4 SPSS Statistics ........................................................................................... 34 
3.3.5 Three-component mixing model ................................................................. 34 
3.3.6 General isotope-balance model ................................................................. 35 
3.4 Modified applications ................................................................................... 35 
3.4.1 Test of the flow rate in karst mountain area ................................................ 35 
3.4.2 A modified piper diagram ............................................................................ 35 
4 Migration of trace metals in karst water affected by acid mine drainage
 .................................................................................................................... 37 
4.1 Introduction .................................................................................................. 37 
4.2 Materials and methods ................................................................................. 39 
4.2.1 Site descriptions ......................................................................................... 39 
4.2.2 Methodology ............................................................................................... 40 
4.3 Results .......................................................................................................... 42 
4.3.1 Basic statistics of physical-chemical characteristics .................................. 42 
4.3.2 Seasonal variations of heavy metals .......................................................... 43 
4.4 Discussion ..................................................................................................... 44 
4.4.1 Evolution of water chemistry ...................................................................... 44 
4.4.2 Spatial variations of contaminated elements .............................................. 46 
4.4.3 As geochemistry in the research field ......................................................... 47 
4.4.4 Flux of heavy metals along the stream ....................................................... 49 
4.5 Conclusions ................................................................................................... 52 
5 Hydrogeochemical characteristics of streams with and without acid mine 
drainage impacts: A paired catchment study in karst geology ................. 56 
III 
 
5.1 Introduction .................................................................................................. 56 
5.2 Materials and methods ................................................................................. 58 
5.2.1 Description of the paired catchments ......................................................... 58 
5.2.2 Field survey ................................................................................................ 59 
5.2.3 Analytical methodology............................................................................... 60 
5.2.4. Geochemical modeling .............................................................................. 61 
5.3 Results .......................................................................................................... 61 
5.3.1 General characteristics............................................................................... 61 
5.3.2 Hydrochemical variations ........................................................................... 63 
5.4 Discussion ..................................................................................................... 64 
5.4.1 Hydrochemical characteristics and influence factors ................................. 64 
5.4.2 Comparison with hydrochemistry between both streams ........................... 67 
5.4.3 Mass balance of constituents of interest .................................................... 73 
5.5 Conclusions ................................................................................................... 74 
6 Hydrogen and oxygen isotopic composition of karst waters with and 
without acid mine drainage: Impacts at a coalfield ................................... 78 
6.1 Introduction .................................................................................................. 78 
6.2 Materials and methods ................................................................................. 80 
6.2.1 Site description ........................................................................................... 80 
6.2.2 Field sampling and measurements ............................................................ 81 
6.2.3 Three-component mixing model ................................................................. 82 
6.3 Results .......................................................................................................... 83 
6.4 Discussion ..................................................................................................... 84 
6.4.1 Comparison to the isotopic composition of karst waters ............................ 84 
6.4.2 Geochemical characteristics of δ2HH2O and δ18OH2O ................................... 86 
6.4.3 Spatial variability of Cl and δ18OH2O ............................................................ 89 
6.4.4 Mixing water masses of AMD-impacted, Shitouzhai stream and spring 
waters .................................................................................................................. 92 
6.5 Conclusions ................................................................................................... 92 
7 Hydrochemistry and stable isotope compositions of karst waters 
generated by natural and mining activities ............................................... 96 
7.1 Introduction .................................................................................................. 96 
7.2 Materials and methods ................................................................................. 98 
7.2.1 Description of the study area ...................................................................... 98 
7.2.2 Sampling and analytical methods ............................................................... 99 
 IV
7.2.3 General isotope-balance model ............................................................... 101 
7.3 Results ........................................................................................................ 102 
7.3.1 General characteristics............................................................................. 102 
7.3.2 Stable isotope composition ....................................................................... 103 
7.4 Discussion ................................................................................................... 104 
7.4.1 Principal component analysis (PCA) ........................................................ 104 
7.4.2 Stable isotopic evidence for origins of water and sulfate .......................... 106 
7.5 Conclusions .................................................................................................. 113 
8 Conclusions and future work ................................................................ 118 
8.1 General conclusions ..................................................................................... 118 
8.2 Future work ................................................................................................ 123 
References: ................................................................................................ 127 
1 
 
Abstract 
Acid mine drainage (AMD) is one of the most significant environmental challenges 
facing the worldwide mining industry. Karst water is extremely sensitive to AMD, which 
with low pH value and high levels of heavy metals can degrade the water quality. To date, 
there is no baseline data to understand the degree and type of many streams with AMD 
impairment. In addition, identification and quantification of stable isotope composition for 
all sources is essential if we are to fully understand the dynamics of these unique systems 
and propose successful remediation strategies. A set of water samples was collected in 
this study area. The results are summarized below:  
(1) AMD-impacted and non-AMD-impacted waters undergo the same natural environment, 
geology conditions, and the similar flow course but different land use. Hydrochemical 
characteristics of the AMD-impacted water were dominantly controlled by oxidation of 
pyrite, while that of non-AMD-impacted water were influenced by water-rock reactions. 
The δ34SSO4 composition in the AMD-impacted water characterized by a 
Ca-Mg-Fe-Al-SO4 composition differed markedly from δ34SSO4 in the non-AMD-impacted 
water characterized by a Ca–Mg–HCO3 composition. 
(2) Arsenic species of the AMD-impacted water changed from As(III) to As(V) when the 
Eh increased along the flow, and stable species of As (V) changed from H2AsO4- into 
HAsO42-, which was also As stable species in the background water. Cadmium 
concentrations were found higher in the wet season than dry season. However, pH values 
and concentrations of As, Zn and Cu in the wet season were lower than that in the dry 
season. The observation was coincident with variations of ion concentrations in both 
waters along the flow, supported by PHREEQC modeling of minerals such as goethite, 
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jarosite(ss), melanterite, scorodite, calcite, and dolomite.  
(3) Based on the mass balance concept, unit ion fluxes of the AMD-impacted water for Ca, 
Mg, H, Fe and SO4 were 17 g/(m2·yr), 2 g/(m2·yr), 0.0002 g/(m2·yr), 17 g/(m2·yr) and 136 
g/(m2·yr), respectively, while unit ion fluxes of the non-AMD-impacted water were much 
lower than that of the AMD-impacted water. Along the flow, fluxes of H, Ca, Mg, Fe and 
SO4 decreased in the AMD-impacted water, but increased in the non-AMD-impacted 
water. It is suggested that constituents of interest deposited from the water to the stream 
bed as the redistribution processes in environment.  
(4) The sources of δ34SSO4 were predominantly pyrite oxidation for the AMD and 
AMD-impacted water, and atmospheric deposition for the non-AMD-impacted water, 
respectively. Along the water flow, the variability of δ2HH2O and δ18OH2O for the 
AMD-impacted water is similar to that for the non-AMD-impacted water probably due to 
water-rock reactions in the similar geologic settings.  
(5) Based on the general isotope-balance model, the relative proportions of sulfate 
oxygen derived from water and air was calculated. The majority of AMD sample plots in a 
range where between 10% and 70% of sulfate oxygen is derived from water (average 
40%), which is lower than that of AMD-impacted sample plots. It suggests that sulfate of 
AMD and AMD-impacted water is influenced by aerobic pyrite oxidation, which the 
AMD-impacted water probably sometimes affected by dissolution of oxidation products 
(secondary mineral precipitations) under anaerobic conditions. The observation was 
coincident with variations of hydrochemical characteristics in the AMD-impacted and 
non-AMD-impacted waters in this study, supported by PCA modeling of variables 
analysis. 
Keywords: hydrochemical characteristics, stable isotope composition, karst water, 
AMD 
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要旨 
世界中で最も重要な環境問題の一つとして、酸性鉱山廃水(AMD)は非常に深刻な問
題である。世界中で AMD に関する研究は多い。しかし、微量金属の遷移メカニズムと安
定同位体の研究はまだあまりされておらず、AMD の影響度合いを定量化した研究も少な
い。そこで、本研究ではカルスト地域の AMD 影響の有無における水質特徴及び安定同位
体の分布特徴を調べ、微量金属の遷移の解明と AMD の影響度合いを定量化することを目
的とする。研究成果としてカルスト地域における汚染プロセスが明らかになり、また汚
染の化学的特徴を理解するための基礎データが得られた。詳細を下記に示す。 
(1) AMD の影響がない水の水質タイプは Ca＋Mg–HCO3型である。この水質形成の主な
プロセスは水 - 岩石反応である。AMD の影響がある水の水質タイプは Ca＋Mg＋Fe＋
Al-SO4型である。この水質形成の主なプロセスは黄鉄鉱酸化である。 
(2) AMD の影響がある水は上流から下流に沿って Fe 濃度と Fe/SO4が減少した。またヒ
素の安定状態は主に H2AsO4- (As5+)だった。AMD の影響がある水の特徴は低い pH と高
い汚染物の濃度であったが、水の流れに沿って汚染物の濃度減り、金属濃度も減少した。
この結果は物質収支によっても説明ができ、金属濃度は水から河床へ沈殿されることが
わかった。 
(3)AMD の影響がある地域における各成分（Ca, Mg, H, Fe and SO4）の単位面積当たり
の年間負荷量(unit ion flux)はそれぞれ 17 g/(m2·yr)、2 g/(m2·yr)、0.0002 g/(m2·yr)、17 
g/(m2·yr)、136 g/(m2·yr)であり、そして、この値は AMD の影響がない地域より高かった。
AMD の影響がない流域との差で得られる字際の AMD からの負荷量(net flux)は、上流の
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方が下流より高かった。 
(4) AMD の影響がある水に δ2HH2Oと δ18OH2Oの変化は AMD の影響がない水のより違っ
た。AMD と AMD の影響の水の δ34SSO4の大部分は石炭中の黄鉄鉱の酸化により得られ、
また AMD の影響がない水の S 起源は主に大気からの固定であることが示唆されている。
AMD の影響がある水よりも AMD の δ18OSO4は高かった。こらは AMD の SO4中の酸素
原子が大気中酸素の影響を強く受けていると考えられる。  
キーワード：水文化学特徴、安定同位体、酸性鉱山撥水、カルスト水 
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1 Introduction 
As one of the most significant environmental challenges worldwide, many rivers are 
seriously affected by acid mine drainage (AMD) due to mining activities related to 
concentrations of metal sulfides (Cánovas et al., 2012; Edraki et al., 2005). Karst water, 
which is one of the most important water resources in karst mountain areas, is extremely 
sensitive to mining activities. In addition, karst geology is characterized by a relatively 
high degree of heterogeneity, porosity, and connectivity compared to characteristics of 
others. To date, there is no baseline data to understand the degree and type of many 
streams with AMD impairment. Consequently, it is urgent to elucidate hydrogeochemical 
characteristics and contamination degree of AMD-impacted waters. 
Sulfides (mainly pyrite, FeS2) when exposed to oxygen and water can oxidize, 
release heavy metals and SO4 can exhaust the bicarbonate buffering capacity of the 
receiving (Morin and Hutt, 1997). According to the oxidation pathways of pyrite, water is a 
necessary reactor. Effective remediation measures for acid mining waters must take into 
account the relative importance of these two processes, sulfide oxidation and bacterial 
(dissimilatory) sulfate reduction (Knöller et al., 2004). Stable isotopes (δ2HH2O, δ18OH2O, 
δ34SSO4 and δ18OSO4) have been recognized as useful tracers for such investigations, 
complementing physical hydrology, geophysics and geochemistry (Nordstrom and 
Southam, 1997; Taylor et al., 1984a; Taylor et al., 1984b). 
1.1 Karst regions and karst water 
1.1.1 Karst regions 
The term “karst” has long been used to define the terrain where soluble rocks (chiefly 
limestone) are exposed (Roglic, 1972). Karst regions of the world are characterized by 
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limestones and other soluble rocks at or near land surface that have been modified by 
solutional erosion (LeGrand and Stringfield, 1973). Karst terranes are characterized by 
such surface features as sinks, long dry valleys, sparse streams, and bare rock and such 
subsurface features as caverns, arterial solution openings leading to large springs, and a 
deep water table (Ford and Williams, 1989). 
Karst geology is characterized by a relatively high degree of permeability, 
heterogeneity, and connectivity compared to characteristics of other geologic settings 
(Bakalowicz, 2003). Many practical problems result from this high permeability, including 
(LeGrand and Stringfield, 1973): (1) scarcity and poor predictability of groundwater 
supplies; (2) scarcity of surface-water supplies; (3) leakage of surface reservoirs; (4) 
instability of the ground; and (5) an unreliable waste-disposal environment. Consequently, 
it is extremely difficult to develop a systemic understanding karst systems and their 
unique bicarbonate buffering system, especially those affected by AMD.  
1.1.2 Basic characteristics of karst water  
Karst water widely occurs in the world. In certain European countries, karst water 
accounts for 50% the necessary of water supply, even in some regions in the world, karst 
water is the only accessible water resource for daily life (Bensaoula et al., 2007). Karst 
water is also one of the most crucial water sources for local people and economy in China. 
The volumes of karst waters for north China and south China (mainly Yunnan, Guizhou, 
Sichuan, Chongqing, Guangxi, Hunan and Hubei province) are 125×108 m3/yr 
(exploitation rate, about 70–80%) and 1806×108 m3/yr (about 8–15%), respectively (Lu, 
2007). Guizhou Province is located in the center of the karst area in Southwest China, 
and the usage of the karst groundwater makes up 80% of the total water resources in the 
whole province (Lu, 2007). Consequently, it is extremely important to exploit, use and 
protect karst water resource. 
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It is widely known that the karst water quality and its chemical evolution are most 
likely determined by (1) the natural processes (e.g. lithology, hydrology, climate, 
interaction of water with soil and aquifers); (2) anthropogenic activities (e.g. agriculture, 
industry, urbanization, and development of water resources); and (3) atmospheric input. 
Under natural conditions, evolution of water chemistry in karst water system are 
controlled by dissolution and by chemical reactions with solids, liquids, and gases with 
which they have come into contact during the various parts of the hydrological cycle 
(Stumm and Morgan, 1996). The dissolution of carbonate rocks is mainly responsible for 
the water compositions in karst aquifers. Hence, it is essential to elucidate the evolution of 
water chemistry under natural and anthropogenic conditions to protect and use karst 
water. Carbonic acid dissolution and sulfide oxidation dissolution are generally 
considered to be the two main mechanisms as follows: 
(1) Carbonic acid dissolution mechanism 
The extent of carbonate rocks dissolution is relevant to the CO2 concentration 
contained in water. The main dissolution of carbonate rocks for calcite and dolomite 
minerals are presented as the following Eqs: 
CaMg(CO3)2 + 2H2O + 2CO2     Ca2+ + Mg2+ + 4HCO3-          (1.1) 
CaCO3 + CO2 + H2O     Ca2+ + 2HCO3-                                   (1.2) 
(2) Sulfide oxidation dissolution mechanism 
Dissolution of carbonate rocks takes place through the attack of H2CO3 derived from 
dissolution CO2 in the water and the attack of H2SO4 produced by the input of 
atmospheric SO2 or the oxidation of sulfide contained in aquifers (Han and Liu, 2004). The 
dissolution of carbonate rock in karst aquifers by sulfuric acid is described by Eq. (1.3). 
3CaxMg1-xCO3 + H2CO3 + H2SO4     3xCa2+ + 3(1-x)Mg2+ + 4HCO3- + SO42-  (1.3) 
1.1.3 Vulnerability of karst water 
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Karst water is a crucial water resource in many regions of some countries and most 
of the local people in the karst regions (Kačaroğlu, 1999). Simultaneously, karst aquifers 
have specific hydraulic and hydrogeologic characteristics that render them highly 
vulnerable to pollution from human activities (Kaçaroğlu and Günay, 1997). As a crucial 
resource of drinking water resources of local people in karst regions, karst water has 
become an important and new aspect for geological survey. 
Carbonate aquifers due to their peculiar nature are especially vulnerable to 
anthropogenic contamination and their use as drinking water resources requires careful a 
priori assessment of their chemical and physical characteristics (Schiavo et al., 2009). As 
a crucial resource of drinking water karstic regions, karstic aquifers have become an 
important field for hydrogeological study (Sun et al., 2012). Additionally, there are large 
numbers of people living in karst regions, and about 25% of the world's population obtains 
their domestic water from these rocks. Therefore, karst waters play a key role in the water 
resources for local people in the world. For example, the area of karst region is about 
1,250,000 km2 and more than 500, 000 km2 of which is distributed in the southwestern of 
China (Zhang, 2001). 
1.1.4 Control measures of karst water 
Hoetzl (1995) outlined the possible control measures that can be applied for 
urbanization, settlement, industrialization, tourism, agriculture, forestry, mining, and 
waste disposal activities which are particularly relevant for karst regions. These measures 
can be summarized as follows (Kačaroğlu, 1999): (1) regulations for planning, location 
and construction of settlements, houses, buildings, roads, industrial plants etc., (2) 
treatment of waste waters and liquid wastes, (3) prohibition of the disposal of liquid 
wastes, waste waters and solid wastes into underground, (4) construction of proper 
sewage and waste water collection systems, (5) prohibition or restriction the use of 
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hazardous and toxic materials, (6) proper location, construction and operation of fertilizer 
and pesticide storage facilities, (7) construction and operation of proper collection and 
storage systems for manure and animal slurry, and application of appropriate land 
spreading policy, (8) correct application of fertilizers and pesticides, (9) application of 
proper collection, storage and treatment methods for solid wastes. 
1.2 Pyrite oxidation mechanisms  
1.2.1 Mechanisms of pyrite oxidation by Fe3+ and dissolved O2 
Pyrite, the most abundant metal sulfide at the surface of Earth, plays an important 
role in many processes such as AMD, redox cycling of metals at oxic-anoxic boundaries 
of lake bottom, and degradation of pollutants (Bonnissel-Gissinger et al., 1998). Pyrite is 
thermodynamically stable in sufficiently reducing environments but it is unstable in 
oxidizing environments (Sun et al., 2012). 
There are two pathways of pyrite oxidation brought about by two oxidants (O2 and 
Fe3+) (Garrels et al., 1960; Singer and Stumm, 1970; Taylor et al., 1984a; Taylor et al., 
1984b): 
At pH>4, FeS2 is oxidized by O2: 
FeS2 + 7/2O2 + H2O      Fe2+ + 2SO42- +2H+                       (1.4) 
At pH<4, FeS2 is oxidized by Fe3+ Eq. (1.5) and (1.6): 
Fe2++1/4O2+H+         Fe3++1/2H2O                         (1.5) 
FeS2+14Fe3++8H2O      15Fe2++2SO42-+16H+                     (1.6) 
The common reaction controlling pyrite oxidation is Eq. (1.4) under O2 saturated 
condition. It is noteworthy that the Eq. (1.4) is somewhat misleading in that (1) the primary 
oxidant involved in pyrite oxidation in most situations is ferric iron rather than molecular 
oxygen (Evangelou and Zhang, 1995), and (2) pyrite oxidation is a multistep process 
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involving an oxygen-independent reaction (ferric iron attack on the mineral) and 
oxygen-dependent reactions (reoxidation of ferrous iron to ferric and oxidation of reduced 
sulfur compounds produced as intermediates in the process, ultimately to sulfate) 
(Johnson and Hallberg, 2005). In addition, Seal et al. (2003) reviewed that a number of 
studies have shown that, even in the presence of molecular O2, most of the O atoms 
formed during pyrite oxidation are inherited from water, as the following Eq. (1.7). 
FeS2 + 10Fe3+ + O2 + 6H2O      11Fe2+ + 2SO42- + 12H+           (1.7) 
The primary factors that determine the rate of acid generation are below (Akcil and 
Koldas, 2006): 
(1) pH; 
(2) Temperature; 
(3) Oxygen content of the gas phase, if saturation is less than 100%; 
(4) Oxygen concentration in the water phase; 
(5) Chemical activity of Fe3+; 
(6) Degree of saturation with water; 
(7) Surface area of exposed metal sulfide; 
(8) Chemical activation energy required to initiate acid generation; and 
(9) Bacterial activity. 
1.2.2 Characteristics of pyrite surface oxidation 
Pyrite surface oxidation can provides a slightly negatively charged pyrite surface due 
to an unshared pair of electrons that attract ions willing to share them (e.g., Fe2+). In a 
review compilation, Evangelou and Zhang (1995) indicated that the surface reaction 
mechanism for pyrite oxidation is controlled by high activation energies and the detailed is 
summarized as follows: 
(1) The nature of the pyrite/surface products, observed by spectroscopy, resulting from 
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natural oxidation are dependent on the origin of pyrite (e.g., coal pyrite, mineral pyrite) 
and shape of pyrite (e.g., fresh fracture, polished sample, powdered mineral). 
(2) The mechanisms at the early stages of oxidation involve the adsorption of dissolved 
molecular oxygen and water on the pyrite surface and formation of various intermediates 
such as ferrous, ferric, sulfite and sulfate ions, sulfur, and ferric hydroxide. 
(3) Oxide or hydroxide films in the form of goethite, magnetite, or hematite on the oxidized 
pyrite surface have also been identified on various occasions. 
(4) Pyrite mineral surface species during oxidation by T.ferrooxidans are ferric and ferrous 
sulfate. 
1.3 Acid mine drainage 
Metal sulfides (mainly pyrite, FeS2) when exposed to oxygen and water can oxidize 
and release heavy metals, and SO4 can exhaust the bicarbonate buffering capacity of the 
receptor stream (Morin and Hutt, 1997). AMD causes environmental pollution that affects 
many countries having historic or current mining industries (e.g., Cánovas et al., 2012; 
Edraki et al., 2005). For example, almost 20,000 km of river courses are affected by this 
problem in the USA (Kleinmann, 1989). 
Iron sulfides common in coal regions are predominately pyrite (FeS2), but other 
metals may be complexed with sulfides forming chalcopyrite (CuFeS2), covellite (CuS), 
galena (PbS), and sphalerite (ZnS) (Skousen and Foreman, 2000). Typically, worldwide 
AMD refers to acidic leachates with high concentrations of Fe, SO4 and heavy metals 
(such as Cu, Zn, Cd and As), which constitute a major environmental concern (Nordstrom, 
2011).  
Untreated AMD is polluting receiving streams and aquifers and the overall effect on 
streams and waterways can be very dramatic. In the worst cases, all aquatic life virtually 
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disappears, river bottoms become coated with a layer of rust-like particles, and the pH 
decreases (Gazea et al., 1996). In Table 1.1 typical composition of water effluents 
resulting from coal mine operation is presented along with the permissible level for the 
mining effluents in USA, together with this study area (Xingren County, SW China). 
Table 1.1 Typical mine drainage composition of Japan, USA, together with this study 
area (Xingren County, SW China) 
Composition 
metals in 
mg/L 
Yanahara mine 
(Okabayashi et 
al., 2005)  
Coal mines 
 (Hedin et al., 1994) This study
Limits for industrial effluents  
disposal in USA 
(Ritcey, 1989;  
EPA 440/1-82/057) 
pH 3.6  2.6-6.3 2.6-7.1 6-9 
Fe 1200  1-473 1-1177 3.5 
Zn 0.29   0.0017-5.407 0.2-0.5 
Al 45  1-58 1-417  
Mn 20  1-130 2-14 2 
Cu 3.4   0.00052-0.315 0.05 
Pb   1-12 0.2 
1.3.1 Fe-oxide involvement in acid mine production 
Evangelou and Zhang (1995) overviewed the Fe-oxide involvement in acid mine 
production, in that the ferric iron is the major oxidant of pyrite regardless of pH, which 
implies that any reactions producing Fe3+ will indirectly result in the oxidation of pyrite. 
Evangelou and Zhang (1995) also reported that 95% of 100 ppm of ferrous sulfate was 
oxidized to ferric within a day when added to a soil sample of pH 4.4 and manganese 
concentration of 3.04%. Luther III et al. (1992) concluded that dissolution of ferric iron 
minerals (e.g. goethite FeOOH) perm(Luther III et al., 1992)it direct formation of aqueous 
Fe3+ complexes as the following: 
FeOOH + 3H+     Fe3+ + 2H2O                             (1.8) 
FeOOH + C6H4(OH)2     {Fe3+[ C6H4(OH)2]}+ + H2O           (1.9) 
FeOOH + 3H+ + Ligand     Fe(III)-Ligand + OH-              (1.10) 
In a review compilation, Smedley and Kinniburgh (2002) showed that As occurs as a 
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major constituent in more than 200 minerals (including elemental As, arsenides, 
sulphides, oxides, arsenates and arsenites), and the most abundant As ore mineral is 
arsenopyrite, FeAsS. It is generally believed that arsenopyrite, together with the other 
dominant Assulphide minerals realgar and orpiment, are only formed under high 
temperature conditions in the earth’s crust. Although often present in ore deposits, 
arsenopyrite is much less abundant than arsenian (‘As-rich’) pyrite (Fe(S,As)2) which is 
probably the most important source of As in ore zones (Nordstrom et al., 2000). For 
example, arsenian pyrite is oxidated as follows (Dove and Rimstidt, 1985): 
FeAsS + 13Fe3++ 8H2O     14Fe2++ SO42-+13H++H3AsO4       (1.11) 
1.3.2 The effect of AMD on water quality 
AMD is the effluent from the mining area with low pH value and high concentrations 
of heavy metals such as Cu, Zn, Cd and As. AMD severely impacts aquatic biota and 
degrades the quality of surface and groundwater used for drinking, recreation, crop 
irrigation, and aquaculture by decreasing pH and mobilizing toxic metal(loid)s, and in 
some cases teratogenic radionuclides (Nordstrom and Southam, 1997; Strosnider et al., 
2011a, b). The seriousness of the pollution resulted from heavy metals is because they 
can’t be biodegradable, and thus, kept by organic tissues through bioaccumulation and 
then transmitted to other species in a higher level of the food chain, consequently leading 
to biomagnifications (Grande et al., 2010; Nebel et al., 1999).  
In addition, AMD originated from deserted mines, dumps, tailing dams and open pits 
will continually affect the surrounding environment even long after the mining activity has 
been ended (Arambarri et al., 1996; Hudson-Edwards et al., 2003; Johnson and Hallberg, 
2005; Strosnider et al., 2011a, b). In 1989, it was estimated that ca. 19,300 km of streams 
and rivers, and ca. 72,000 ha of lakes and reservoirs worldwide had been seriously 
damaged by mine effluents, although the true scale of the environmental pollution caused 
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by mine water discharges is difficult to assess accurately (Johnson and Hallberg, 2005).  
1.3.3 AMD prevention 
1.3.3.1 Control of AMD migration 
Given the axiom that “prevention” is better than “cure”, it is generally preferable, 
although not always pragmatic, to preclude the formation of AMD in the first instance. 
Water is the basic transport medium for contaminants associated with AMD. 
Consequently, all measures aimed at AMD contamination control are concerned with the 
control of water flow. Control of water exit is of little value as long-term storage is 
negligible. Water entry into the site of acid formation may be controlled by (Akcil and 
Koldas, 2006): 
(1) Diversion of surface water flowing towards the site of pollution; 
(2) Prevention of groundwater infiltration into the pollution site; 
(3) Prevention of hydrological water seepage into the affected areas; and 
(4) Controlled placement of acid-generating waste. 
1.3.3.2 AMD treatment systems 
Traditional AMD treatment systems use alkaline materials to neutralize acidic mine 
waters and precipitate metals, other technologies (such as ion exchange, reverse 
osmosis and electro-dialysis) are available to treat AMD waters (Johnson and Hallberg, 
2005; Papirio et al., 2012). However, the disadvantages of all these treatments include 
high capital investments, inefficient removal of sulfate and a bulky sludge disposal 
problem because of the need of drying facilities and further treatment (Aziz et al., 2008; 
Cohen et al., 2006). 
Other technologies are available to treat AMD waters, but all these methods require 
high capital investments and have generated sludge disposal problems due to the need of 
drying facilities and further treatment (Aziz et al., 2008). Kurniawan et al. (2006) overview 
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all possible physico-chemical treatments (including air flotation, coagulation-flocculation, 
ion exchange, adsorption and membrane filtration) for heavy metal-containing 
wastewaters evaluating metal removal efficiencies and point out the advantages and 
disadvantages of each technology.  
In recent years, the use of biological processes for treating heavy metal containing 
wastewaters has gained increasing interest, mainly due to their ability to produce 
effluents suitable to be discharged into the environment (Janssen et al., 2001). Lately, 
sulfate-reducing fluidized-bed reactors (FBR) have received much attention as promising 
biotechnologies for AMD treatment due to overcoming disadvantages of traditional AMD 
treatment systems (for reviews, see Lens et al., 2002; Neculita et al., 2007). This 
bio-process is based on biological hydrogen sulfide and alkalinity production by 
sulfate-reducing bacteria (SRB). SRB as a unique group of prokaryotes can be found in 
natural environments where anoxic conditions prevail (Neculita et al., 2007).  
1.4 Stable isotope (δ18OH2O, δ2HH2O, δ34SSO4 and δ18OSO4) 
1.4.1 Basic characteristics 
Atoms whose nuclei contain the same number of protons but a different number of 
neutrons are called “isotope”. There are two types of isotope. That is stable isotope and 
unstable isotope/radioactive isotope). The former is characterized by several important 
rules which are symmetry rule and Oddo-Harkins rules (Hoefs, 2009). The latter may be 
characterized by the radiation emitted (Hoefs, 2009). 
1.4.2 Isotope effect 
Differences in chemical and physical properties arising from variations in atomic 
mass of an element are called “isotope effect” (Hoefs, 2009). Physical properties of 
element are controlled by the mass of the nucleus, whereas chemical behavior of element 
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is determined by the electronic structure. Urey et al. (1932) discovered the isotopes of 
hydrogen in 1932. Then differences in the chemical properties of the isotopes of the 
elements H, O and S and other elements have been calculated by the methods of 
statistical mechanics and also tested experimentally (Hoefs, 2009). In addition, Hoefs 
(2009) summarized the isotope effect of H, O and S as the following: 
(1) The most effective processes in the generation of hydrogen isotope variations in the 
terrestrial environment are phase transitions of water between vapor, liquid and ice 
through evaporation/precipitation and boiling/condensation in the atmosphere, at the 
Earth’s surface, and in the upper part of the crust. 
(2) Knowledge of the oxygen isotope fractionation between liquid water and water vapor 
is essential for the interpretation of the isotope composition in different waters. 
(3) There are two types of fractionation mechanisms of the naturally occurring sulfur 
isotope variations. One is a kinetic isotope effect during the bacterial reduction of sulfate, 
which produces the largest fractionations in the sulfur cycle. The other is various chemical 
exchange reactions between both sulfate and sulfides and the different sulfides 
themselves. 
1.4.3 Isotope fractionation mechanisms 
Isotopic fractionation of one isotope relative to another is in a chemical or physical 
process. Two isotopes of an element are different in weight but not in gross chemical 
properties, which are analyzed by the number of electrons. Isotopic fractionation is 
generally influenced by two processes (Hoefs, 2009). One is isotope exchange reaction. 
The other is kinetic isotope effects. Isotopic fractionation is also influenced by other 
factors: chemical components, structure effect and non-mass-dependent isotope 
fractionation (Hoefs, 2009). This leads to isotopic fractionation, the extent of which can be 
defined as a fractionation factor, alpha (α), also known as an enrichment factor, or 
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separation factor.  
1.4.4 Research on the stable isotope 
The research on stable isotope has been discussed elsewhere (see reviews, Hoefs, 
2009; McDermott, 2004). For examples, some researches focus on the use of stable 
isotopes in speleothems as palaeo-climatic indicators, and the emphasis is on 
developments and data sets that have been reported since previous reviews of the 
subject (see review, McDermott, 2004). Some of the ways that the application of stable 
isotopic tracers has contributed to the extremely hard task of understanding the energy 
and food web relations in benthic communities are illustrated (Peterson, 1999). 
However, a number of problems relating to the interpretation of stable isotope data in 
waters remain unresolved. The most challenging of these has been to elucidate the 
various, usually competing factors that drive oxygen isotope variations, in order to recover 
clear water signals. 
Present-day knowledge of spatial and temporal variations of the characteristics of 
karst systems is often sparse (Moral et al., 2008). Of all the methods used to understand 
hydrologic processes in small catchments, applications of tracers – in particular isotope 
tracers (e.g. 18O/16O and 2H/1H) – have been the most useful in terms of providing new 
insights into hydrological processes (Kendall and MacDonnell, 1998). 
In a review compilation, Schulte et al. (2011) demonstrated that over the last few 
decades data on inorganic and organic constituents and ionic fluxes in river basins were 
complemented by isotopic tracers, including stable water and carbon isotopes. The main 
purpose of most of these studies was to constrain the sources and cycling of water and 
solutes in river systems. A proper assessment of hydrogeochemical characteristics 
involves the identification and quantification of all sources. Despite the importance of 
such processes, quantitative assessment studies are lacking (Cánovas et al., 2012). 
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Such studies require the implementation of tools to identify and evaluate the different 
sources and mixing processes shaping the hydrogeochemistry of these unique systems.  
In general, isotope tracers in conjunction with other conservative tracers (e.g., 
chloride) have been used to quantify multiple contributions to stream/river flow. These 
studies have been helpful for understanding ground and surface water interactions, 
providing new insights into hydrological processes, as well as for associated transport of 
water and redefining hydrological models on catchment scale (e.g., Kendall and 
MacDonnell, 1998; Ladouche et al., 2001). Often, end-members cannot be collected, as 
well as their concentrations vary in time and space (Carrera, 2004). For these cases is 
possible to use a methodology for quantifying the proportions in which the different 
sources are contributing (Barth and Veizer, 2004). This method is based on modeling of 
mixing waters from mass balance of solutes and accounts for the uncertainty of 
end-members. 
1.5 Purposes of this study 
AMD is one of the most significant environmental challenges facing the mining 
industry worldwide. Karst water, which is one of the most important water resources in 
karst mountain areas, is extremely sensitive to mining activities. In addition, karst geology 
is characterized by a relatively high degree of heterogeneity, porosity, and connectivity 
compared to characteristics of others. To date, there is no baseline data to understand 
the degree and type of many streams with AMD impairment.  
Sulfides (mainly pyrite, FeS2) when exposed to oxygen and water can oxidize, 
release heavy metals and SO4 can exhaust the bicarbonate buffering capacity of the 
receiving (Morin and Hutt, 1997). According to the oxidation pathways of pyrite, water is a 
necessary reactor. Effective remediation measures for acid mining waters must take into 
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account the relative importance of these two processes, sulfide oxidation and bacterial 
(dissimilatory) sulfate reduction (Knöller et al., 2004). Stable isotopes (δ2HH2O, δ18OH2O, 
δ34SSO4 and δ18OSO4) have been recognized as useful tracers for such investigations, 
complementing physical hydrology, geophysics and geochemistry (e.g., Taylor et al., 
1984a, b; Nordstrom and Southam, 1997). 
Consequently, it is urgent to elucidate hydrogeochemical characteristics, 
contamination degree and stable isotope composition of AMD-impacted waters. The 
purpose of this study is as the following: 
(1) to understand the processes which control the behavior of constituents of interest in 
the dry season and wet season;  
(2) to compare spatial and temporal variations of constituents of interest in 
non-AMD-impacted and AMD-impacted waters;  
(3) to discuss the mass balance in karst waters; and 
(4) to characterize composition of stable isotope in non-AMD-impacted and 
AMD-impacted waters. 
The schematic map of this study is presented as follows: 
Table 1. 2 Structure and scientific problems discussed in this study 
Item Contents Science problems discussed 
Chapters 1-3 
Reviews on the distribution of 
karst area in the world, 
characteristics of karst water, 
mechanism of pyrite oxidation, 
characteristics of AMD and 
geochemistry of stable isotope  
 
Chapter 4 Migration of trace metals in karst water affected by AMD 
To elucidate behaviors of heavy 
metals in karst water with AMD 
Chapter 5 
Hydrogeochemical characteristics 
of streams with and without AMD 
impacts: A paired catchment study 
in karst geology 
To elucidate hydrogeochemical 
characteristics and contamination 
degree of AMD-impacted waters. 
Chapter 6 
Hydrogen and oxygen isotopic 
composition of karst waters with 
and without acid mine drainage: 
Impacts at a SW China coalfield 
(1) To evaluate water flux with the 
three-component mixing technique; 
together with (2) To elucidate 
δ2HH2O and δ18OH2O dynamics in 
karst waters with and without AMD 
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impacts, especially the variability of 
δ2HH2O for AMD-impacted waters. 
Chapter 7 
Hydrochemistry and stable isotope 
compositions of karst waters 
generated by natural and mining 
activities, SW China 
(1) To elucidate hydrochemical 
characteristics of karst waters with 
and without AMD impacts; together 
with (2) To clarify the spatial 
variability of stable isotope (δ34SSO4, 
δ18OSO4, δ2HH2O and δ18OH2O) for 
karst waters, especially sulfate 
sources and mechanisms of sulfate 
mobilization.  
Chapter 8 General conclusions and future work  
 
 
 
Fig. 1.1 Schematic map of this study 
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2 Site descriptions  
2.1 General natural condition 
The study area is located in the Xingren coalfield (105°1’-105°2’ E, 25°3’-25°4’ N) of 
Guizhou Province (Fig. 2.1). The climate is of the subtropical warm–moist type with 
annual average temperature and precipitation of 15.2 ºC and 1036.3 mm, respectively. 
About 84% of the annual precipitation falls in the wet season from May to October. 
 
Fig. 2. 1 The hydrogeological map of the study area and sampling points. T1yn1 is 
dolostone, dolomitic limestone and sand stone with shale. T1f represents sand stone 
and shale with limestone. P2(c+d) is sandy clay rock, shale and mud limestone. P2l is 
mudstone, shale and coal. The rock stratum boundary and fault are supported by 
Ding et al (2001). 
The landform is dominated by mountain, hill and basin and the topography is 
high in the west and low in the east. There are all kinds of mineral resources in Xingren 
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County, which is important for the economic development. Iron, gold, mercury, brenstone, 
thallium as well as coal are the major mineral resources in this area. Based on the 
regional geology in Xingren County, resources reserves of coal, gold, limonite and 
thallium deposit are over 45 hundred million tons, 100 tons, 450 thousand tons and 100 
thousand tons, respectively. 
2.2 Geological and hydrologic conditions 
Guizhou Province is mainly underlain by the Yangtze craton, which is composed of 
Proterozoic crystalline rocks overlain by Paleozoic and Lower to Middle Triassic marine 
deposits and Upper Triassic terrestrial deposits (Bureau of Geology and Mineral 
Resources of Guizhou Province, 1986). A broad cratonic platform near the edge of the 
Yangtze craton is overlapped by Devonian to Triassic shallow-marine carbonate rocks. 
Most of the bedrocks at the surface are Triassic in age in southwest Guizhou Province. 
Permian rocks generally occur in the cores of anticlines and in partly exposed reefs that 
were topographic highs during the Triassic (Bureau of Geology and Mineral Resources of 
Guizhou Province, 1986). The bedrock is mainly composed of sedimentary carbonate 
rock from the Permian to Triassic period, and the coal-bearing strata are mainly hosted in 
the Permian Longtan Formation (Wu et al., 2009 a). The bedrock is composed of 
Guanling group of middle Triassic, Yongningzhen group, Gujiao group, Ziyun group, 
Feixianguan group and Yelang group of lower Triassic; Changxing group, Longtan group, 
Wujiaping group and Emeishan basalt of upper Permian, and Maokou group of lower 
Permian. Additionally, the carbonate rocks in Maokou group of lower Permian are over 
94% of the total rocks. 
In SW Guizhou Province, the rocks were pervasively folded and faulted during the 
Yanshanian orogeny, 190-65 Ma. ago (Ding et al., 2001). The hydrogeological map of the 
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study area is shown in Fig. 5.1. Sedimentary structures and strata such as folds and 
faults controlled the distribution of the high-As coals which are distributed on both sides of 
the faults that parallel the regional anticlinal axis.  
Guizhou Province is located in the center of the karst area in Southwest China, and 
the usage of the karst groundwater makes up 80% of the total water resources in the 
whole province (Lu, 2007). The aquifers are mainly formed in Xingren County in Permian 
and triassic Period. There are two reservoirs, Shitouzhai Reservoir and Maoshitou 
Reservoir, in the research field (Fig. 4.1). The subbasin with Shitouzhai Reservoir is 
mainly a natural area without effects of mining activities. However, there are many coal 
pits in the upstream of the Maoshitou Reservoir. A part of coal which contains high levels 
of As has been forbidden to be mined by the local government for many years. 
Nevertheless, the exploitation of other coal layers inevitably disturbs high As coal layers. 
AMD from the mining zone flows continually into the Maoshitou Reservior.  
2.3 Mining activities of the study area 
Coal beds crop out in the Late Permian Longtan formation and the coals from large 
coal mines are similar to those elsewhere in China in that their As content is near the 
Chinese coal average (about 10–20 ppm), but some small, local coal mines contain high 
As coals (Ding et al., 2001). High As coals are located in Xingren County which is part of 
the Yunnan-Guizhou-Guangxi sediment-hosted Au area. 
The research field is located in the Xingren coalfield of Guizhou Province, one of the 
most important coal districts in China. Mudstones, silt-mudstones and siltstones are 
generally present at the top of the coal layers, while they are underlain by clay stones and 
silt-clay stones (Wu et al., 2009a). The coal bearing strata are mainly hosted in the 
Permian Longtan Formation, and up to six coal layers are utilized for a total thickness of 
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about 12 m. It was estimated that the total output of raw coal was about 2.5–3.0 million 
tons every year in Xingren County (Wu et al., 2009a). 
High-As coal was mined in the study area since the 1940s. In 1976, mining activities 
were forbidden by the local government due to chronic As poisoning in the exposed 
population (Li et al., 2005). Arsenic is one of the most important elements because of its 
toxic to plants, soil biota and humans. In this study, arsenic concentration of karst water is 
up to 510 μg L-1 which is much higher than that of waters in other research areas (e.g., 
Olías et al. 2006; Lin et al. 2007). 
2.4 Description of the paired catchments 
Paired catchment studies involve the use of two catchments with similar 
characteristics in terms of slope, aspect, soils, area, climate and vegetation located 
adjacent or in close proximity to each other (Brown et al., 2005). This method was applied 
to the Maoshitou and Shitouzhai catchments of the study area (Fig. 2.1). Their detailed 
characteristics are summarized as follows.  
The study area is located in the Xingren coalfield (105°1’-105°2’ E, 25°3’-25°4’ N) of 
Guizhou Province (Fig. 2.1). The climate is of the subtropical warm–moist type with 
annual average temperature and precipitation of 15.2 ºC and 1036.3 mm, respectively. 
About 84% of the annual precipitation falls in the wet season from May to October. The 
bedrock is mainly composed of sedimentary carbonate rock from the Permian to Triassic 
period, and the coal-bearing strata are mainly hosted in the Permian Longtan Formation 
(Wu et al., 2009a). Mudstones, silt-mudstones and siltstones are generally present at the 
top of the coal layers, while they are underlain by clay stones and silt-clay stones (Wu et 
al., 2009a). 
According to a field survey in 2005, Maoshitou catchment (1.3 km2) and Shitouzhai 
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catchment (1.2 km2) both are forested with similar slope, soil, geology, area and 
vegetation but have differing land use (Fig. 5.1). Abandoned mines and tailings dams 
comprise approximately 20% of the total area in the Maoshitou catchment. High-As coal 
was mined in the study area since the 1940s. In 1976, mining activities were forbidden by 
the local government due to chronic As poisoning in the exposed population (Li et al., 
2005). 
The Maoshitou and Shitouzhai catchments each have one reservoir (Fig. 2.1). The 
Shitouzhai Reservoir is an area without effects of mining activities. However, there are 
many coal pits upstream of the Maoshitou Reservoir, to which AMD from the mining zone 
flows continually. The Maoshitou and Shitouzhai streams join together to become the 
main stream in the study area at M5 (Fig. 2.1). For sake of convenience, the Maoshitou 
and Shitouzhai catchments are named AMD-impacted catchment and 
non-AMD-impacted catchment, respectively. 
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3 Materials and methods 
3.1 Field survey 
Water samples were collected in the dry and wet seasons and stream flow was 
tested in the wet season only. Because AMD makes stream water low for pH and high for 
Specific conductance (SC), the neutralization reaction occurs by putting quicklime in the 
stream. As a usual way to treat AMD in mining area, it can not only increase the pH value 
of stream but also decreased its SC value in a second. In order to measure the stream 
flows, a tracer test with quicklime has been conducted for each site at the same time. SC 
value of stream water was monitored at a known distance downstream of trace releasing.  
Alkalinity titrations were determined on site following standard methods (APHA, 
1998). SC, temperature and pH were measured using a Multi340i made in Germany. At 
each site, water samples were filtered through 0.22 μm filters and placed into 100 ml 
high density polyethylene bottles; one for major anions and another for cations and trace 
elements. Following standard methods (APHA, 1998), the latter was acidified with 
analysis-grade HNO3 to adjust pH to below 2 in order to avoid Fe hydroxide precipitation 
and CaCO3 precipitation. Samples for isotopic analysis were filtered through a 0.22 μm 
filter and then stored in amber glass bottles. All of the samples were brought back to the 
laboratory and stored in a refrigerator at 4 ºC until analysis. 
3.2 Analytical methodology 
3.2.1 Cations, anions and trace elements 
Monoatomic cations were analyzed by ICP-OES (Vista MPX, Varian, Palo Alto, CA, 
USA) following USEPA method 200.7 and ICP-MS (Platform ICP, Micromass Corp., UK) 
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following USEPA method 200.8, respectively. Major anions were measured by ICS-90 
(Dionex Corp., Sunnyvale, CA, USA) following USEPA method 300A&B. When the 
sulfate concentration was above 1000 mg/L, it was analyzed by gravimetric methods 
(USEPA method 375.3). 
All chemical analysis of water samples was undertaken at the State Key Laboratory 
of Environment Geochemistry, Institute of Geochemistry, Chinese Academy of Sciences. 
To maintain assurance of data quality, the charge balance errors for major ions were 
within ±10% (APHA, 1998).  
3.2.2 Stable isotope: δ18OH2O, δ2HH2O, δ34SSO4 and δ18OSO4 
(1) δ18OH2O and δ2HH2O 
Water stable isotope analyses were conducted at the State Key Laboratory of 
Environment Geochemistry, Institute of Geochemistry, Chinese Academy of Sciences 
and a Thermo Finnigan Mat 253 Isotope Ratio Mass Spectrometer (IRMS, Thermofisher 
Corp., Germany). For δ2HH2O, 0.5 mL of water samples was loaded in a LABCO bottle, 
converted to H2 at 1350 °C and passed into the IRMS (Mat253). In similar, δ18OH2O was 
determined by introducing the water sample into a Fisher Scientific, converted to CO at 
1350 °C before transfer to the IRMS (Mat253). Sample preparation followed the method 
of Epstein and Mayeda (1953) for δ18OH2O, Morrison et al. (2001) for δ2HH2O. Certified 
reference materials from IAEA (V-SMOW, SLAP and GISP) were run as samples and 
used to calibrate the data. Reproducibility (1σ) was +1.0‰ for δ2HH2O and +0.2‰ for 
δ18OH2O. Water stable isotope data are expressed in delta (δ) notation as parts per 
thousand (‰) relative to the Vienna Standard Mean Ocean Water (V-SMOW) (e.g., Hoefs, 
2009; Schiavo et al., 2009). 
(2) δ34SSO4 and δ18OSO4 
Stable isotope analyses were conducted at the State Key Laboratory of Environment 
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Geochemistry, Institute of Geochemistry, Chinese Academy of Sciences and continuous 
flow isotope ratio mass spectrometry (CF-IRMS, GV Instrument Corp., UK). Sulphate 
(BaSO4) for δ34SSO4 and δ18OSO4 analyses was prepared by the barium sulphate 
gravimetric method.  
500 μg of BaSO4 for δ34SSO4 was loaded in a Sn cup, converted to SO2 in a Euro 
EA3000 at 1000 °C and passed into the IRMS (IsoPrime). 350 μg of BaSO4 for δ18OSO4 
was loaded in a Ag cup, converted to CO in a Euro EA3000 at 1300 °C and passed into 
the IRMS (IsoPrime). The δ34SSO4 result of this study is expressed relative to the Canyon 
Diablo Troilite (V-CDT) standards and the δ18OSO4 result of this study is expressed 
relative to the Vienna Standard Mean Ocean Water (V-SMOW) standard, using the 
standard δ notation:  
δ34S or δ18O [‰] = [(Rsample / Rstandard) - 1] ×103                           (3.1) 
where R are 34S/32S or 18O/16O of sample and reference, respectively. For δ34SSO4 
measurements, IAEA S1(-0.3‰), S2 (+21.7‰), SO-5 (+0.49‰), and SO-6 (-34.05‰) 
were repeatedly analyzed for calibration and normalization purposes. For δ18OSO4 
measurements, IAEA NBS 127 (δ18O = +9.3‰), and NO-3 (+25.6‰) were repeatedly 
analyzed for calibration and normalization purposes. Reproducibility was generally better 
than +0.2‰ for the δ34SSO4 and +0.4‰ for the δ18OSO4. 
3.3 Modeling applications 
3.3.1 Mass balance 
A mass balance model was developed to estimate the amounts of elements such as 
Cu, Cd, Zn and As in different reaches along the stream. The stream water of each reach 
between adjacent sample sites can be regarded as a compartment (S(a+1)-a). The flux of 
each element can be calculated based on the following Eqs. 
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Fi,a = Ci,a × Qa   (a = Sample site)                        (3.2) 
where Fi,a and Ci,a are the flux and concentration of element i at site Sa, respectively. Qa 
represents the discharge of water at site Sa. 
    In each compartment, the flux net of element ⊿i can be estimated using the mass 
balance as 
⊿i =Fi,a+1 - Fi,a                                         (3.3) 
It is affected by adsorption/desorption, deposition and dilution. ⊿i shows the direction of 
mass transfer between water (dissolved phase) and surrounding matrix in the 
compartment with a positive number for desorption, and the negative for adsorption 
or/and deposition. 
3.3.2 Principal component analysis (PCA) 
PCA is a mathematical procedure that uses an orthogonal transformation to convert 
a set of observations of possibly correlated variables into a set of values of uncorrelated 
variables called principal components. Often, operation of PCA can be thought of as 
revealing the internal structure of the data in a way which best explains the variance in the 
data. Considering the large amount of samples and variables analyzed, PCA of the 
results obtained for karst waters in the study area. 
3.3.3 PHREEQC (a computer program) 
PHREEQC is a computer program for simulating chemical reactions and transport 
processes in natural or polluted water (Parkhurst and Appelo, 1999). In order to identify 
the phases controlling non-conservative behavior, saturation indices (SI) were calculated 
using the modeling program PHREEQC.  The degree of saturation is expressed as the 
SI, where SI equals the difference of logarithms of ion activity product (IAP) and solubility 
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constant (KSP) (SI = logIAP/Ksp). SI values below, equaling to and above 0 represent 
under-saturation, saturation, and super-saturation, respectively.  
3.3.4 SPSS Statistics 
Given that the majority of the data do not exhibit a normal distribution, the Spearman 
correlation coefficient can be used in order to analyze the relationship between variables 
of mining related contamination (Davis, 1986). 
3.3.5 Three-component mixing model 
Various tracers have been employed for studies in allochthonous systems,  
including isotope tracers (δ18OH2O) and geochemical data such as TDS, SC, Cl- and 
temperature (Gibson et al., 2005). In order to evaluate the relationship of the different 
end-members to each other their isotope values were compared to those of the local 
surface water. However, with the influence of local springs, more than two end-members 
had to be accounted for. Consequently, δ18OH2O and Cl were applied as tracers for their 
conservative characteristics in this study.  
Based on modeling of mixing waters from mass balance of solutes, this method is 
serves as a good tool to evaluation water fluxes of different end-members. The 
proportions of Maoshitou stream water (AMD-impacted water), Shitouzhai stream water 
(non-AMD-impacted water) and spring water without AMD impact were reflected by an 
intermediate composition of δ18OH2O and Cl in the main channel mixing pool for which the 
following equation system was applied (Barth and Veizer, 2004):  
W δ18Ow + X δ18OX + Y δ18OY = δ18OZ                         (3.4) 
W Clw + X ClX + Y ClY = ClZ                                  (3.5) 
W + X + Y = 100%                                          (3.6) 
with W, X and Y being the relative proportions of Maoshitou stream, Shitouzhai stream 
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and springs. This system of equations was solved with combined matrix operations 
applying Cramer’s rule (Haeussler and Paul, 1987). 
3.3.6 General isotope-balance model 
For the origin of oxygen in sulfate, water and atmospheric oxygen have to be 
considered. The relative proportions of oxygen from these two sources that are 
incorporated into a newly formed sulfate molecule depend on reaction mechanisms 
(Evangelou and Zhang, 1995). The following Eq. (3.7) is applied to calculate the relative 
proportions of oxygen derived from water and air (Taylor and Wheeler, 1994): 
δ18OSO4 = X (δ18OH2O + ƐH2O) + (1-Χ) (δ18OO2 + ƐO2)             (3.7) 
where X is the fraction of H2O-derived oxygen, and ƐH2O and ƐO2 are the isotope 
enrichment factors for incorporation of oxygen from water and atmospheric oxygen, 
respectively, assuming enrichment factors ƐO2 of -11.2‰ and ƐH2O of +4.0‰ (Taylor et al., 
1984a), and a δ18O value for atmospheric oxygen of +23.8‰ (Horibe et al., 1973). 
3.4 Modified applications 
3.4.1 Test of the flow rate in karst mountain area 
In order to test the flow rate (Q) in karst mountain area, a new method was 
developed (Sun et al., 2012). The detailed information is below.  
Q=V×S=L/t×S                                             (3.8) 
where V is the velocity of water, S represents the cross-section of stream, L is the 
distance between the tracer (quicklime) releasing point and SC monitoring point, and t is 
the travel time for the tracer. 
3.4.2 A modified piper diagram 
Comparing to a Piper diagram, a modified Piper diagram was developed to identify 
 36
the hydrochemical types of AMD-impacted and non-AMD-impacted (Table 3.1). Because 
95%-99% of the total ions in natural unpolluted waters are K, Na, Ca, Mg, Cl, SO4, NO3 
and HCO3, while AMD-impacted water was characterized by these benign ions, but also 
high levels of other cations (such as Fe) associated with AMD.  
Table 3. 1 Comparing application conditions of the Piper diagram and modified Piper 
diagram 
Items Application Main ions in waters 
Ratio of main ions and 
total ions in waters References 
Piper 
diagram Natural water 
K, Na, Ca, 
Mg, Cl, SO4, 
NO3 and 
HCO3 
95-99% (Dai, 1996) 
e.g., Sarmiento et 
al., 2009; Wu et 
al., 2009c 
Modified 
Piper 
diagram 
Natural water and 
AMD-impacted 
water 
Fe, Al, K, Na, 
Ca, Mg, Cl, 
SO4, NO3 and 
HCO3 
High levels of Fe and Al 
(e.g., Hedin et al., 1994; 
Edraki et al., 2005; 
Cánovas et al., 2012) 
Sun et al., 2013 
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4 Migration of trace metals in karst water affected by acid mine drainage  
4.1 Introduction 
As a crucial resource of drinking water resources of local people in karst mountain 
areas, karst water has become an important and new aspect for geological survey. In 
addition, karst water is characterized by a high degree of heterogeneity, large space and 
high liquidity compared with other waters. Vulnerability of karst’s ecosystem is 
susceptible to human activities, especially the mining area where AMD is one of the major 
environmental problems associated with coal deposits and sulfides. When sulphides 
(mainly pyrite, FeS2) become exposed to the air and water, they are oxidized, leading to a 
reduction in pH, release of heavy metals, and destruction of the bicarbonate buffering 
system in the water shell (Saria et al. 2006; Satapathy et al. 2009). AMD is the effluent 
from the mining area with low pH value and high concentrations of heavy metals such as 
Cu, Zn, Cd and As. The seriousness of the pollution resulted from heavy metals is 
because they can not be biodegradable, and thus, kept by organic tissues through 
bioaccumulation and then transmitted to other species in a higher level of the food chain, 
consequently leading to biomagnifications (Nebel and Wright 1999; Sáinz et al. 2002; 
Grande et al. 2010). In addition, AMD originated from deserted mines, dumps, tailing 
dams and open pits will continually affect the surrounding environment even long after the 
mining activity has been ended (Arambarri et al. 1996; Hudson-Edwards et al. 2003; 
Johnson and Hallberg 2005; Tang et al. 2009; Sun et al. 2009; Strosnider et al. 2011a, b).  
AMD is one of the most significant environmental challenges facing the mining 
industry worldwide (Sheoran and Sheoran 2006). Traditionally, AMD studies have 
addressed the question by observing the physical, chemical and hydrodynamic 
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characteristics of waters flowing from the system (e.g., Arambarri et al. 1996; Acero et al. 
2006; Olías et al. 2006; Lin et al. 2007; Satapathy et al. 2009;  Casiot et al. 2003, 2009; 
Grande et al. 2010). Present-day knowledge of the spatial variability of the characteristics 
of the karstic medium leaves many questions still unanswered (Moral et al. 2008). There 
exist gaps between our knowledge and the process of behaviors of heavy metals derived 
from AMD in watersheds, especially in karst water. 
Arsenic is one of the most important elements because of its toxic to plants, soil biota 
and humans. In this study, arsenic concentration of karst water is up to 510 μg L-1 which 
is much higher than that of waters in other research areas (e.g., Olías et al. 2006; Lin et al. 
2007). We should consider the possibility of environmental arsenic pollution and chronic 
arsenic poisoning in exposed population (such as skin, liver, lung and kidney cancers) 
(Chen et al. 1992). Consequently, it is significant to understand the geochemical behavior 
of As in waters. 
Guizhou Province is located in the center of the karst area in Southwest China, and 
the usage of the karst groundwater makes up 80% of the total water resources in the 
whole province (Lu 2007). The province has a vast reserve of 241.9 billion tons of coal. 
Some contain As concentration from 100 μg g-1 to 2 000 μg g-1 which is much higher than 
4.61 μg g-1, the average value of coal in China (An and Li 2005; Li 2007). Simultaneously, 
karst water quality is affected easily by AMD in the unique bicarbonate buffering system 
of water environment. That has damaged water resources available for domestic and 
agricultural purposes in karst areas. Consequently, studying the migration characteristics 
of heavy metals in karst water influenced by mining activities can provide the background 
data necessary for solutions. 
Therefore, a typical karst-dominated watershed in Xingren County, Southwestern 
China, was chosen. The purposes of the study are: (1) to understand the processes 
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which control behaviors of heavy metals in karst water during dry season and wet season; 
(2) to explain the behavior of As in stream water; and (3) to discuss the fluxes of Cd, Zn, 
As and Cu in karst water. 
 
Fig. 4. 1 The map of the study area and sampling points 
4.2 Materials and methods 
4.2.1 Site descriptions 
The research field is located in the Xingren coalfield of Guizhou Province, one of the 
most important coal districts in China (105°1’-105°2’ E, 25°3’-25°4’ N) (Fig.4.1). The 
climate is of the subtropical warm–moist type with annual average temperature of 15.2 ºC 
and precipitation of 1320.5 mm. About 84% of the annual precipitation falls in the wet 
season from May to October. Most of the paddy fields are irrigated by water from the 
stream in the research field during the growing season. 
The bedrocks of the research field are mainly composed of sedimentary carbonate 
rocks from the Permian to Triassic period. The coal bearing strata are mainly hosted in 
the Permian Longtan Formation, and up to six coal layers are utilized for a total thickness 
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of about 12 m. It was estimated that the total output of raw coal was about 2.5–3.0 million 
tons every year in Xingren County (Wu et al., 2009a).  
There are two reservoirs, Shitouzhai Reservoir and Maoshitou Reservoir, in the research 
field (Fig.4.1). The subbasin with Shitouzhai Reservoir is mainly a natural area without 
effects of mining activities. However, there are many coal pits in the upstream of the 
Maoshitou Reservoir. A part of coal which contains high levels of As has been forbidden 
to be mined by the local government for many years. Nevertheless, the exploitation of 
other coal layers inevitably disturbs high As coal layers. AMD from the mining zone flows 
continually into the Maoshitou Reservior. The streams from both reservoirs finally join 
together to become the main stream at site 22 (Fig.4.1). When the stream flows through 
the research field from northwest to southeast, it becomes an underground river in the 
area between sites 34 and 35, and flows out from the research field after the tributary of 
Bijizhai joins at site 37. To explain the AMD effect on the surface water environment, the 
stream in the research field can be divided into three parts, the mining area (from site 2 to 
site 17), the diffusion area (from site 19 to site 21) and the dilution area (downstream from 
site 22). 
4.2.2 Methodology 
Water samples were collected in December 2008 (dry season) and September 2009 
(wet season), respectively (Fig.4.1). The stream flows were measured in September 2009. 
Alkalinity was determined by acidimetric titration in the field. SC, temperature and pH 
were measured by portable instruments (Multi340i, Germany) on site. At each site, water 
sample was filtered through 0.22 μm filters and filled in two 100ml high density 
polyethylene bottles; one for major anions and another for both cations and trace 
elements. The later was acidified with pure HNO3 to adjust its pH value below 2 to avoid 
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Fe hydroxide precipitation. All of the samples were brought back to the laboratory and 
stored in a refrigerator at 4 ºC before analyses. 
Because AMD makes stream water low for pH and high for SC, the neutralization 
reaction occurs by putting quicklime in the stream. As a usual way to treat AMD in mining 
area, it can not only increase the pH value of stream but also decreased its SC value in a 
second. In order to measure the stream flows, a tracer test with quicklime has been 
conducted for each site at the same time. SC value of stream water was monitored at a 
known distance downstream of trace releasing. The stream flows Q was estimated as the 
following. 
Q=V×S=L/t×S                                         (4.1) 
where V is the velocity of water, S represents the cross-section of stream, L is the 
distance between the tracer releasing point and SC monitoring point, and t is the travel 
time for the tracer. 
All of the chemical analysis of water samples was undertaken at the State Key 
Laboratory of Environment Geochemistry, Institute of Geochemistry, Chinese Academy of 
Sciences. Major cations and trace elements were analyzed by inductively coupled plasma 
optical emission spectrometer (ICP-OES, Vista MPX, Varian, Palo Alto, CA, USA) and 
inductively coupled plasma-mass spectrometry (ICP-MS, Platform ICP, Micromass Corp., 
UK), respectively. Cl- and NO3- ions were measured by ion chromatography (IC, ICS-90, 
Dionex Corp., Sunnyvale, CA, USA). Barium sulfate gravimetric method was used to 
determine sulfate concentration when it was above 1000 mg L-1. Blanks and appropriate 
certified reference standards were analyzed as unknowns with every batch of samples. 
To maintain accuracies of analysis, the charge balance errors agreed with recommended 
or spiked values to within ±10%. 
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4.3 Results 
4.3.1 Basic statistics of physical-chemical characteristics 
Table 4.1 showed statistical data for geochemical parameters in karst water. The pH 
values of the water in mining area ranged from 2.61 to 3.28 in dry season and 2.60 to 
3.24 in wet season, respectively. In the diffusion area, stream water showed low pH 
values and high levels of heavy metals. Bicarbonate could not be detected from the 
waters in both the mining area and diffusion area because of the low pH value. When it 
flowed through the dilution area, the pH value gradually increased up to 6.09 in dry 
season and 7.14 in wet season at site 37, respectively. 
Table 4.2 showed pH and concentration distributions of As, Cu, Zn and Cd of waters 
in different areas. In this study, concentrations of Zn, As, Cu and Cd varied from 
0.0017-5.407 mg L-1, 0.003-2.68 mg L-1, 0.00052-0.315 mg L-1 and 0.0005-0.117 mg L-1, 
respectively. Concentration ranges of heavy metals were obviously different from that of 
other areas worldwide (e.g., Arambarri et al. 1996; Lin et al. 2007; Satapathy et al. 2009). 
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Fig. 4.2 Variations of As, Zn, Cd and Cu concentrations along the flow direction in 
different seasons. Flow course represents the distance from Site 1 to Site 37. 
4.3.2 Seasonal variations of heavy metals  
The average pH of water from the mining area was low as 2.94 with high levels of 
ions, as a sequence of abundance in Zn > As > Cu > Cd. Concentration of As in water 
from the mining area was in the range from 2.90 μg L-1 to 2680 μg L-1 with the average 
value of 676 μg L-1 in dry season and from 2.33 μg L-1 to 1666 μg L-1 with the average 
value of 344 μg L-1 in wet season, respectively (Table 1). It was much higher than 100 μg 
L-1, the criteria of UNFAO (the United Nations Food and Agriculture Organization) 
irrigation and livestock drinking water guidelines. Concentrations of As showed little 
seasonal variation and a sharp decrease from the mining area water to the diffusion area 
water.  
Concentration of Zn decreased along the stream and was higher in dry season than 
that in wet season (Fig. 4.2). After the tributary had flowed in at 4 km downstream from 
the mining area, the mean concentration of Zn decreased to 77.68 μg L-1, which was still 
higher than the value without mining effect at site 1. Concentrations of Cu and Cd showed 
a similar behavior and seasonal changes, especially in the mining area water (Fig. 4.2). 
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Fig. 4.3 Relationship (a) between Ca2+ + Mg2+ and SO42- + HCO3-, and (b) between Fe2+ 
and (SO42- + HCO3-) – (Ca2+ + Mg2+) for karst water during wet and dry seasons 
4.4 Discussion 
4.4.1 Evolution of water chemistry 
Water-rock reaction is one of the most major processes which control hydrochemical 
characteristics in karst area. The dissolution of carbonate rocks in karst aquifers generally 
produces Ca and Mg ions, as described by Eq. (4.2). Additionally, the bedrocks in the 
research field, which are mainly composed of sedimentary carbonate rocks, probably 
contain a gypsiferous layer (gypsum and anhydrite). Therefore, some parts of Ca and 
SO42- in waters are attributed to dissolution of highly soluble native gypsum according to 
Eq. (4.3): 
CaMg(CO3)2+ 2H2O + 2CO2        Ca2+ + Mg2+ + 4HCO3-        (4.2) 
CaSO4·2H2O     Ca2+ + SO42- + 2H2O                       (4.3) 
The equivalent charge ratios of (Ca2+ + Mg2+) and (HCO3- + SO42-) for the water 
without an effect of AMD are plotted on the 1:1 line with little seasonal changes, which 
could be explained that the dissolution of carbonate and gypsiferous rocks in the aquifer 
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play an important role in the hydrochemical evolution of karst water in the research field. 
However, the ratios of (Ca2+ + Mg2+) and (HCO3- + SO42-) for streams are below the 1:1 
line, and close to the line when it flows down in the research field (Fig. 4.3a). This 
suggested that the stream hydrochemistry is strongly affected by AMD in the research 
field.  
Pyrite, FeS2, is the most abundant metal sulfide in nature and, thus has a major 
effect on the biogeochemical iron, sulfur and oxygen cycles, and pyrite oxidation has 
received significant attention due to its environmental impact on the formation of AMD 
(Balci et al. 2007). Fe (ǁ) and SO42- are formed from oxidation of sulfides in Eq. (4.4), the 
mole ratio of Fe2+ to SO42- is 1:2 for the pyrite oxidation. Fe (ǁ) was the dominant species 
of Fe in the research field due to low pH values.  
FeS2 + 7/2O2 + H2O     Fe2+ + 2SO42- +2H+                            (4.4) 
Excluding dissolution of carbonate rocks, the Fe2+ / SO42- ratios in the stream water 
are closer to the 1:2 line with few seasonal variations (Fig. 4.3b). Because the correlation 
coefficient of Fe and SO42- was 0.96 (Table 4.3), it is reasonable to consider that the 
weathering and oxidation of pyrite contributed greatly to chemical compositions of stream 
water in the research field. 
 
Fig. 4.4 Ficklin diagram of the sum of dissolved base metals (Zn, Cu, Cd, Pb, Co and 
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Ni) in stream water of the study area 
4.4.2 Spatial variations of contaminated elements 
Given that the majority of the data do not exhibit a normal distribution, the Spearman 
correlation coefficient can be used in order to analyze the relationship between variables 
of mining related contamination (Davis 1986). The stream distance has the positive 
correlation with pH and SC and the negative correlation with the rest of the variables, 
such as Fe, As, Zn, Cd, Cu and SO42- (Table 4.3). The negative correlations are caused 
by processes of the dilution, adsorption, precipitation and co-precipitation in stream. 
Relationship among the contaminant elements can provide insight into the source of 
elements associated with mining activities. Correlation coefficients of Cu and Cd reached 
up to 0.68. Zn and Fe showed strong correlation, because of their common origin and 
their similar behavior in AMD. The concentration of SO42- basically controlled the SC 
value of the stream water with a high correlation between them. 
The Ficklin diagram classifies waters according to their pH values and the sum of 
base metals Zn, Cu, Pb, Cd, Co and Ni, for comparing variations in drainage water 
chemistry between different deposit types (Plumlee et al. 1999). Waters in the research 
field are mainly classified into four types, high-acid high-metal, acid low-metal and 
near-neutral low-metal in the Ficklin diagram (Fig. 4.4). The mining area water is 
characterized by high-acid high-metal due to the input of AMD. Concentrations of Cd, Zn 
and As in the mining area water showed a strong correlation between Fe and SO42- 
(Table 4.3). 
After mixing and sedimentation, ion concentration in the diffusion area water 
decreases rapidly with low pH values (Fig. 4.4). In comparison, the background water 
was characterized by high pH values and low levels of Zn, Cd, Cu and Pb (Fig. 4.4).  
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When it flowed from site 34 to site 35 in dilution area, water type changed from acid 
low-metal to near-neutral low-metal. This is attributed to the dilution with tributary of 
underground water and the rise of pH value. In spite of much of Fe depositing from the 
water to the stream bed, its concentration in the dilution area is still higher than that in the 
background water (Fig. 4.4). 
The dissolution of carbonate rock minerals can neutralize AMD to let pH values 
increase (Arambarri et al. 1996). Toxic elements (mainly, Fe) precipitated as 
oxyhydroxides or were adsorbed onto the bed sediments, resulting in yellowish-orange 
precipitates being deposited on the bottom of stream. In fact, the chemistry and 
mineralogy of ochreous precipitates are very complex in streams, lakes and sediments 
affected by AMD, and at least three minerals (e.g., schwertmannite, goethite and 
ferrihydrite) seem to play a significant role in controlling acidic water (Bigham et al. 1990; 
Yu et al. 1999; Acero et al. 2006). 
 
Fig. 4. 5 Eh-pH diagram for arsenic species. Field boundaries for stability of the 
different As species follow Cheng et al. (2009) 
4.4.3 As geochemistry in the research field 
Of the anionic metalloids, only As may jeopardize the environment. The inorganic 
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arsenic species arsenite (As (III)) and arsenate (As (V)) are the most abundant species in 
natural water. Toxicity of As (III) is much higher than that of As (V). The mobility of these 
species is influenced by the pH value, the redox potential, and the presence of 
adsorbents such as oxides and hydroxides of Fe (III), Al (III), Mn (III/IV), humic 
substances, and clay minerals (Cheng et al. 2009). Both As (III) and As (V) exist in the 
mining area water where As (V) is the dominant species under oxidizing conditions, while 
As (III) dominates when it has become sufficiently reducing. As dominant species is As (III) 
(H3AsO3) at sites 1, 7 and 8 from abandoned coal pit (Fig. 4.5). In oxidizing acidic 
conditions, As (V) was dominant at pH 2.3-6.7 as H2AsO4-, and as HAsO42- at the ranges 
with pH values of 6.7-9. When As concentration decreases in the water, stable species of 
As (V) changed from H2AsO4- into HAsO42- which is also As stable species in the water 
without an effect of AMD (Fig. 4.5). Accordingly, neutral H3AsO4 is dominant for arsenic 
when pH ranged from 0 to 2, while H2AsO4-, HAsO42-, and AsO43- become stable species 
in the pH intervals of 3-6, 7-11, and 12-14, respectively (Stanić et al. 2009). 
In the stream water, correlation coefficient is 0.93 for As and Fe (Table 4.3). 
Concentrations of As decreased sharply when pH was lower than 3 (Fig. 4.6). When it 
flowed down from the mining area, Arsenic was easily adsorbed by colloids and 
deposited to the river bed when co-precipitation was available. The arsenates form 
strong complexes with the surface of the ferric oxyhydroxides, as they are strongly 
adsorbed by them (Williams 2001; Casiot et al. 2003). The As in the fractions of Fe(Al) 
oxyhydroxides was up to 80% of the total As concentration in sediments (Wu et al., 
2009b). With the increase of pH in mine acidic river, the oxidation of Fe (II) to Fe (III) 
could adsorb and/or precipitate a large portion of As of water (Smedley and Kinniburgh 
2002). 
This process is pH dependent, because (1) the surface charge of minerals depends 
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on pH; (2) charge is positive to acidic conditions and negative to alkaline pH; and (3) 
where the beginning of desorption coincides with the zero charge point (pH 7.7) for 
colloids of the a-FeOOH type (Stumm and Morgan, 1996). Concentration of As is 
extremely sensitive to the variations of redox and alkali conditions in geochemical 
reactions. Along the stream flow, As concentrations declined asymptotically with the 
increase of pH (Fig. 4.6). When pH is above 7.5, As desorption occurs owing to surface 
charge of the river sediment particles becoming negative (Olías et al., 2006). In addition, 
As (III) predominates under most reducing (mildly alkaline) conditions. Consequently, we 
should pay more attentions on As behavior because it could be desorbed from sediments 
in alkalinity water and may jeopardize environment again. 
 
Fig. 4. 6 Variations of As concentrations with pH along the stream 
4.4.4 Flux of heavy metals along the stream 
A mass balance model was developed to estimate the amounts of elements such as 
Cu, Cd, Zn and As in different reaches along the stream. The basic data were shown in 
Table 4.4. The stream water of each reach between adjacent sample sites can be 
regarded as a compartment (S(a+1)-a). The flux of each element can be calculated based 
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on the following Eqs. 
Fi,a = Ci,a × Qa   (a = 17, 22, 29, 33, 34, 35)                 (4.5) 
where Fi,a and Ci,a are the flux and concentration of element i at site Sa, respectively. Qa 
represents the discharge of water at site Sa. 
    In each compartment, the flux net of element ⊿i can be estimated using the mass 
balance as 
⊿i =Fi,a+1 - Fi,a                                         (4.6) 
It is affected by adsorption/desorption, deposition and dilution. ⊿i shows the direction of 
mass transfer between water (dissolved phase) and surrounding matrix in the 
compartment with a positive number for desorption, and the negative for adsorption 
or/and deposition (Fig. 4.7). The basic data were shown in Table 4.4. 
   ⊿ of Cd, Cu, Zn and As at the reach between site 22 and site 17 are -15 g d-1, -339 g 
d-1, -1051 g d-1 and -15 g d-1, respectively (Fig. 4.7). It suggests that break-even 
deposited from the water to the stream bed in the diffusion area. In the dilution area, all 
the ⊿ values for Cd, Cu, Zn and As in the reach between site 34 and site 22 are positive, 
showing the desorption of the metals from the stream bed. Similarly, the ⊿ values of Cu 
and Zn in the reach between site 35 and site 34 were 66 g d-1 and 1076 g d-1, respectively 
(Fig. 4.7). It suggests the dilution area is the place where heavy metals can return to 
stream water again because of desorption or redissolution from the sediments on the 
stream bed. 
Furthermore, the ratio of (∑⊿i / Fi,a) is used to assess the ultimate fates of heavy 
metals in the whole stream between site 17 and site 35, and found that it is -59.3%, 
-32.2%, 5.5% and -26% for Cd, Cu, Zn and As, respectively. It indicates that Cd, Cu and 
As deposited from water, but Zn released to stream when it flowed through the 
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compartment. It suggests that concentrations of Cd, Cu and As decrease and become 
similar to that of the background water with the distance away from the mining area.  
Unit: g/day 
 
 
 
 
 
Fig. 4. 7 Mass balance concept for input and dissipation pathways of Zn, As, Cu and Cd in 
water along stream (g/day). Right arrow water flow direction; S17, S22, S29, S33, S34 
and S35 sampling sites; compartment the interval of two adjacent sites; eight pointed star 
the discharge flux of Zn, As, Cu and Cd in tributary; boxes the discharge flux of Zn, As, Cu 
and Cd in stream; notation curly arrow inflow of tributary; the value below the right arrow 
represents net results of Fi,a+1 - Fi,a  
Fig. 4.7 shows that the inputs of elements from the mining area are 18 kg year-1 for 
The mining 
area
The diffusion 
area
The dilution area 
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As, 871 kg year-1 for Zn, 281 kg year-1 for Cu and 12 kg year-1for Cd, respectively. 
Although mining activities has not been available in the research field for many years 
(Zhou et al. 1993; Ding et al. 2000), AMD derived from deserted mines, dumps, tailing 
dams and open-pits are continuously affecting the surrounding environment. In other 
words, heavy metals in AMD are transported by water and accumulate in environmental 
media such as sediments, soil and plants. Actually, decreases of Cd, Cu, Zn and As 
concentrations in the stream water are processes through which they redistribute in the 
environment. 
4.5 Conclusions 
In general, the dissolution of carbonate rocks controls chemical compositions of 
basin water in natural condition, but the weathering and oxidation of pyrite in the mining 
area dominated chemical compositions of the stream water in the research field. Cd 
concentrations were found higher in wet season than dry season. However, pH values 
and concentrations of As, Zn and Cu in wet season were lower than that in dry season. It 
was found that As species of the mining area water changed from As(III) to As(V) when 
the Eh increased along the flow direction, and stable species of As (V) changed from 
H2AsO4- into HAsO42-, which was also As stable species in the background water.  
The decrease of heavy metals along the stream was coincident with variation of their 
fluxes. Based on the mass balance concept, it was found that the inputs of As, Zn, Cu and 
Cd from the mining area were 18 kg year-1, 871 kg year-1, 281 kg year-1 and 12 kg year-1, 
respectively. When it flowed from site 17 down to site 35, about 60.3% of Cd, 32.3% of Cu 
and 25.8% of As were finally deposited from water to the stream bed, and 5.5% of Zn 
released from the stream bed to water, showing the redistribution of heavy metals along 
the stream. In other words, concentrations of heavy metals in water vary greatly because 
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of the effects of adsorption, precipitation, co-precipitation, dilution and release in the 
stream. 
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Table 4. 1 Statistical data for the geochemical parameters in epikarst water of the 
Jiaole, Southwest China 
Item 
Mining area water Diffusion area water Dilution area water Water without an effect of AMD
Min. Max. Mean Min. Max. Mean Min. Max. Mean Min. Max. Mean 
Dry season 
pH 2.61 3.28 3.01 2.80 4.44 3.33 3.04 6.09 4.03 6.98 8.47 7.63 
SC 
(μS cm-1) 616 4610 2255 995 1282 1087 430 884 699 108 832 407 
HCO3 
(mg L-1) 0 0 0 0 0 0 25.51 25.51 25.51 63.03 342 228 
Ca 
(mg L-1) 37.46 310 180 77.43 94.13 83.33 37.63 107 84 12.38 165 80.22 
Mg 
(mg L-1) 11.35 83.48 30.60 12.94 16.91 14.86 6.61 14.30 11.84 0.07 38.97 12.18 
Cd 
(μg L-1) 11.35 24.37 8.85 1.83 3.13 2.44 0.48 2.22 1.58 0.51 0.80 0.66 
Cu 
(μg L-1) 38.85 315 127 64.23 112 87.09 0.52 78.60 38.87 0.84 43.38 6.82 
Zn 
(μg L-1) 185 4944 2017 441 767 592 1.74 538 291 2.15 20.43 6.06 
As 
(μg L-1) 2.90 2680 676 9.54 28.07 15.13 0.69 7.89 4.14 1.57 7.54 3.43 
Wet season 
pH 2.60 3.24 2.86 2.90 3.24 3.12 3.81 7.14 5.03 6.91 8.50 7.54 
SC 
(μS cm-1) 659 5270 2563 917 2230 1258 434 737 589 127 954 419 
HCO3 
(mgL-1) 0 0 0 0 0 0 80.37 80.37 80.37 56.66 245 168 
Ca 
(mgL-1) 40.51 373 187 58.63 76.98 66.06 62.54 78.02 69.05 26.82 232 74.64 
Mg 
(mgL-1) 8.46 91.80 31.67 11.93 14.60 12.94 9.33 12.94 12.03 2.24 48.87 12.60 
Cd 
(μg L-1) 1.99 117 24.24 4.23 7.16 5.08 1.81 4.13 2.91 1.10 2.38 1.47 
Cu 
(μg L-1) 21.96 361 111 122 175 136 8.55 91.84 55.58 1.55 7.59 3.89 
Zn 
(μg L-1) 129 5407 1173 381 542 423 75.11 287 191 2.66 16.66 7.13 
As 
(μg L-1) 2.33 1666 344 8.54 11.39 9.58 4.96 11.32 8.52 3.86 14.48 8.18 
 
Table 4. 2 pH and concentration variations of As, Cu, Zn and Cd of waters in different 
areas. Concentrations are in mg/L 
Items pH As Cu Zn Cd References 
Cerro Rico de Potosí, Bolivia 2.8-9.5 <0.022-16 0.005-20 0.15-1500 0.0007-4.9 Strosnider et al. 2011b 
Reigous Creek, France 2.8-8.4 0.016-14 0.001-0.4 3-17 0.009-0.09 Casiot et al. 2009 
Surface water of Chandrapur district, 
Central India   nd-0.08 nd-0.46 nd-0.05 
Satapathy et al. 
2009 
Cobica, SW Spain 2.1-6.4 0-3.36 0.2-54 0.2-120 0-0.37 Grande et al. 2010
Guadiamar River, SW Spain 3.2-9.0 0.001-0.063 0.01-3.85 0.02-130.2 0.004-0.046 Olías et al. 2006 
Guijo, SW Spain 3.1-8.5  nd-1.27  0.1-210   Arambarri et al. 1996 
Beijiang River, China 2.6-6.0 0.002-0.041 0.36-4.9 0.09-32.5 0.001-110 Lin et al. 2007 
Xingren coalfield basin, SW China 2.6-7.1 0.003-2.68 0.00052-0.315 0.0017-5.407 0.0005-0.117 This study 
“nd” is not detected. 
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Table 4. 3 Matrix of Spearman correlation coefficients of the variables associated with 
the stream 
Item Distance SC pH Fe SO42- Cu Zn As 
SC 0.79**        
pH 0.48* -0.78**       
Fe -0.70** 0.97** -0.81**      
SO42- -0.82** 0.97** -0.78** 0.95**     
Cu -0.38 0.63** -0.77** 0.60** 0.56*    
Zn -0.61** 0.93** -0.76** 0.94** 0.90** 0.62**   
As -0.65** 0.93** -0.75** 0.93** 0.88** 0.66** 0.96**  
Cd -0.65** 0.93** -0.79** 0.93** 0.91** 0.68** 0.97** 0.95** 
1. * shows P<0.05，and ** is P<0.01. 
 
Table 4. 4 The basic data of karst waters and world health organization (WHO) 
guidelines (a), together with fluxes of constituents of interest (b) 
(a) 
Item Stream flow Cd Cu Zn As 
Water type Sample No. (mL/s) --------------μg/L-------------- 
Mining area water S17 50,960 7.3 175 542 11 
Dilution area water 
S22 54,287 3.6 92 285 7.7 
S34 58,317 4.2 91 287 9.1 
S35 189,074 2.3 35 157 11.3 
Background water S29 2,220 1.2 4.1 5.2 4.1 S33 1,630 1.1 7.1 14.2 3.9 
Groundwater 130,757 2.1 4.3 3.3 12.9 
WHO 3 2000 500* 10 
* is the guideline of United Stated Environmental Protection Agency (USEPA). 
(b) 
Item Cd Cu Zn As 
Water type Sample No. --------------g/day-------------- 
Mining area water S17 32 769 2386 50 
Dilution area water 
S22 17 431 1336 36 
S34 21 457 1445 46 
S35 37 572 2558 185 
Background water S29 0.23 0.79 1 0.78 S33 0.16 1 2 0.55 
Groundwater 24 49 37 146 
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5 Hydrogeochemical characteristics of streams with and without acid 
mine drainage impacts: A paired catchment study in karst geology 
5.1 Introduction  
The chemical compositions of rivers vary greatly and are controlled by a series of 
factors such as climate, vegetation, topographic and geological characteristics of the 
catchment area (Alaez et al., 1988). Land use is also one of the most important factors 
determining water quality (Clinton and Vose, 2006). The change of land use actually 
embodies the dynamic relations between the physical environment and human activities 
because of their interactions. 
As one of the most significant environmental challenges worldwide, many rivers are 
seriously affected by AMD owe to mining activities (Cánovas et al., 2012; Edraki et al., 
2005). Metal sulfides (mainly pyrite, FeS2) when exposed to oxygen and water can 
oxidize and release heavy metals, and SO4 can exhaust the bicarbonate buffering 
capacity of the receptor stream (Morin and Hutt, 1997). AMD severely impacts aquatic 
biota and degrades the quality of surface and groundwater used for drinking, recreation, 
crop irrigation, and aquaculture by decreasing pH and mobilizing toxic metal(loid)s, and in 
some cases teratogenic radionuclides (e.g., Nordstrom and Southam, 1997; Strosnider et 
al., 2011a, 2011b).  
Traditionally, studies of AMD have investigated impairment by observing the physical, 
chemical and hydrodynamic characteristics of waters affected by AMD (e.g. Arambarri et 
al. (1996); Acero et al. (2006); Casiot et al. (2009); Grande et al. (2010)), while very few 
researches have tried to quantify the effect of mining activities on hydrogeochemical 
characteristics. In addition, karst geology is characterized by a relatively high degree of 
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heterogeneity, porosity, and connectivity compared to other geologic settings. 
Consequently, knowledge of the spatial variability of the characteristics of karst geology is 
often sparse (Moral et al., 2008). Studying hydrochemical characteristics of constituents 
of interest associated with AMD in karst watersheds can provide the background data 
necessary for assessing degree and type of impairment. 
Most of the existing paired catchment studies focus on monitoring of quantitative 
changes in land use patterns (Zhao et al., 2010). In order to compare general conclusions 
in different papers, a consistent method of analysis (a paired catchment study) is needed 
to ensure comparability of the results (Brown et al., 2013). The paired catchment study is 
a powerful tool for assessment and understanding of the hydrological characteristics of 
streams. Brown et al. (2005) indicated that paired catchment studies reported in the 
literature can be divided into four broad categories: afforestation experiments, 
deforestation experiments, regrowth experiments and forest conversion experiments. 
However, very few investigations focus on the effect of land use on karst 
hydrogeochemistry (Zhang et al., 2008) and try to quantify the impact of human activities 
and unabated AMD. 
As a result, a typical karst-dominated watershed in Xingren County, Guizhou 
Province, SW China, was chosen. The main reason is the presence of two catchments 
one with and one without AMD that provide a unique opportunity to study the impact of 
mining-related land use changes on karst hydrogeochemistry. The objectives of this study 
were: (1) to compare spatial and temporal variations of H, Ca, Mg, Fe and SO4 in 
non-AMD-impacted and AMD-impacted waters; (2) to understand the processes which 
control the behavior of these elements combined with δ34SSO4 values and saturation 
indices (SI); and (3) to discuss the mass balance. 
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5.2 Materials and methods 
5.2.1 Description of the paired catchments 
Paired catchment studies involve the use of two catchments with similar 
characteristics in terms of slope, aspect, soils, area, climate and vegetation located 
adjacent or in close proximity to each other (Brown et al., 2005). This method was applied 
to the Maoshitou and Shitouzhai catchments of the study area (Fig. 5.1). Their detailed 
characteristics are summarized as follows.  
The study area is located in the Xingren coalfield (105°1’-105°2’ E, 25°3’-25°4’ N) of 
Guizhou Province (Fig. 5.1). The climate is of the subtropical warm–moist type with 
annual average temperature and precipitation of 15.2 ºC and 1036.3 mm, respectively. 
About 84% of the annual precipitation falls in the wet season from May to October. The 
bedrock is mainly composed of sedimentary carbonate rock from the Permian to Triassic 
period, and the coal-bearing strata are mainly hosted in the Permian Longtan Formation 
(Wu et al., 2009a). Mudstones, silt-mudstones and siltstones are generally present at the 
top of the coal layers, while they are underlain by clay stones and silt-clay stones (Wu et 
al., 2009a). 
According to a field survey in 2005, Maoshitou catchment (1.3 km2) and Shitouzhai 
catchment (1.2 km2) both are forested with similar slope, soil, geology, area and 
vegetation but have differing land use (Fig. 5.1). Abandoned mines and tailings dams 
comprise approximately 20% of the total area in the Maoshitou catchment. High-As coal 
was mined in the study area since the 1940s. In 1976, mining activities were forbidden by 
the local government due to chronic As poisoning in the exposed population (Li et al., 
2005). 
The Maoshitou and Shitouzhai catchments each have one reservoir (Fig. 5.1). The 
Shitouzhai Reservoir is an area without effects of mining activities. However, there are 
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many coal pits upstream of the Maoshitou Reservoir, to which AMD from the mining zone 
flows continually. The Maoshitou and Shitouzhai streams join together to become the 
main stream in the study area at M5 (Fig. 5.1). For sake of convenience, the Maoshitou 
and Shitouzhai catchments are named AMD-impacted catchment and 
non-AMD-impacted catchment, respectively.  
 
Fig. 5.1 The hydrogeological map of the study area and sampling points. T1yn1 is 
dolostone, dolomitic limestone and sand stone with shale. T1f represents sand stone and 
shale with limestone. P2(c+d) is sandy clay rock, shale and mud limestone. P2l is 
mudstone, shale and coal. The rock stratum boundary and fault are supported by Ding et 
al (2001). 
5.2.2 Field survey 
Water samples were collected in the dry and wet seasons and stream flow was tested 
in the wet season only. The stream flow (Q) was estimated as following (Sun et al., 
2012). 
Q=V×S=L/t×S                                          (5.1) 
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where V is the velocity of water, S represents the cross-section of stream, L is the 
distance between the tracer (quicklime) releasing point and EC monitoring point, and t is 
the travel time for the centroid of the tracer concentration curve. 
Alkalinity titrations were determined on site following standard methods (APHA, 
1998). Specific conductance (SC), temperature and pH were measured using a Multi340i 
made in Germany. At each site, water samples were filtered through 0.22 μm filters and 
placed into 100 ml high density polyethylene bottles; one for major anions and another 
for cations and trace elements. Following standard methods (APHA, 1998), the latter 
was acidified with analysis-grade HNO3 to adjust pH to below 2 in order to avoid Fe 
hydroxide precipitation and CaCO3 precipitation. Samples for isotopic analysis were 
filtered through a 0.22 μm filter and then stored in amber glass bottles. All of the samples 
were brought back to the laboratory and stored in a refrigerator at 4 ºC until analysis. 
5.2.3 Analytical methodology 
5.2.3.1 Water 
Monoatomic cations were analyzed by ICP-OES (Vista MPX, Varian, Palo Alto, CA, 
USA) following USEPA method 200.7 and ICP-MS (Platform ICP, Micromass Corp., UK) 
following USEPA method 200.8, respectively. Major anions were measured by ICS-90 
(Dionex Corp., Sunnyvale, CA, USA) following USEPA method 300A&B. When the 
sulfate concentration was above 1000 mg/L, it was analyzed by gravimetric methods 
(USEPA method 375.3). 
All chemical analysis of water samples was undertaken at the State Key Laboratory 
of Environment Geochemistry, Institute of Geochemistry, Chinese Academy of Sciences. 
To maintain assurance of data quality, the charge balance errors for major ions were 
within ±10% (APHA, 1998). In detail, charge balance errors below ±5% were 60% and 
70% of the whole in the dry season and wet season, respectively.  
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5.2.3.2 Sulfur isotope determination  
Sulfur isotope analyses were conducted by continuous flow isotope ratio mass 
spectrometry (CF-IRMS, GV Instrument Corp., UK). Sulfate (BaSO4) for δ34SSO4 analysis 
was prepared by gravimetric (USEPA method 375.3). 500 μg of BaSO4 was loaded in a 
Sn cup, converted to SO2 in an elemental analyzer (Euro EA 3000, Euro Vector S.P.A., 
Italy) at 1000 °C and passed into the IRMS (IsoPrime). The sulfur isotope results of the 
study are expressed relative to the Canyon Diablo Troilite (V-CDT) standards using the 
standard δ notation: 
δ34SSO4 [‰] = [(Rsample / Rstandard) – 1] × 103                    (5.2) 
where the R values are 34S/32S of sample and reference, respectively. Reproducibility of 
the δ34SSO4 values for sulfate was generally better than +0.2‰. 
5.2.4. Geochemical modeling 
PHREEQC is a computer program for simulating chemical reactions and transport 
processes in natural or polluted water (Parkhurst and Appelo, 1999). In order to identify 
the phases controlling non-conservative behavior, saturation indices (SI) were calculated 
using the modeling program PHREEQC. The degree of saturation is expressed as the SI, 
where SI equals the difference of logarithms of ion activity product and solubility constant 
(SI = logIAP/Ksp). SI values below, equaling to and above 0 represent under-saturation, 
saturation, and super-saturation, respectively.  
5.3 Results 
5.3.1 General characteristics  
Compared with non-AMD-impacted water, the composition of AMD-impacted water 
exhibited a high degree of mining-derived pollution, high SO4, elevated concentrations of 
heavy metals and very low pH values (Tables 5.1 and 5.2). The pH of AMD-impacted 
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water was consistently depressed; hence bicarbonate was below detection limits. 
However, the non-AMD-impacted water was characterized by elevated bicarbonate 
concentrations and pH. AMD-impacted water had concentrations of Fe greater than 5 
mg/L, the criteria for irrigation water according to UNFAO, the United Nations Food and 
Agriculture Organization. In the non-AMD-impacted water, ionic concentrations 
associated with mining contamination were lower. 
The sulfur isotope data for water samples are summarized in Table 5.1. The δ34SSO4 
compositions of AMD-impacted and non-AMD-impacted waters were different. The 
δ34SSO4 in the two waters varied from -10.1‰ — -9.7‰ and -6.8‰ — -5.0‰, respectively.  
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Fig. 5. 2 Comparison of seasonal changes of pH, Ca, Mg, Fe and SO4 between 
AMD-impacted and non-AMD-impacted waters 
5.3.2 Hydrochemical variations 
The pH of the AMD-impacted and non-AMD-impacted waters increased along the 
flowpath (Fig. 5.2a). The former values were much lower than the latter values 
presumably due to the effect of AMD.  
Paired Ca concentrations in waters of M1-M5 and S1-S5 showed apparent 
differences (Fig. 5.2b). However, at sample sites (M2 and S2), Ca concentrations of 
AMD-impacted water were similar to that of non-AMD-impacted water. Mg concentrations 
varied with a similar pattern to Ca concentrations (Fig. 5.2c). 
    Fe and SO4 concentrations of non-AMD-impacted water were low with no clear 
seasonal variations between the wet and dry seasons (Fig. 5.2 d and e). However, 
AMD-impacted water had high concentrations of Fe and SO4, and dramatic seasonality. 
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Fig. 5.3 The modified Piper diagram for AMD-impacted and non-AMD-impacted waters 
5.4 Discussion 
5.4.1 Hydrochemical characteristics and influence factors 
Water chemistry is to a large extent a product of chemical rock weathering, 
hydrolysis / dissolution, and precipitation of minerals. 95%-99% of the total ions in natural 
unpolluted waters are K, Na, Ca, Mg, Cl, SO4, NO3 and HCO3 (Dai, 1996). However, 
AMD-impacted water was characterized by these benign ions, but also high levels of 
other cations (such as Fe) associated with AMD. A modified piper diagram was 
developed to identify the hydrochemical types of each catchment (Fig. 5.3). 
The modified piper diagram showed significant variations between AMD-impacted 
and non-AMD-impacted waters (Fig. 5.3). Two end-member compositions, one rich in 
HCO3 and the other rich in Ca and Mg, were recognizable in non-AMD-impacted water. 
As a result, non-AMD-impacted water was characterized by a Ca–Mg–HCO3 composition, 
which is a typical karstic composition, as indicated by other studies of the geochemistry of 
river waters draining karst-dominated terrains (Appelo and Postma, 2010). As expected in 
waters that move across carbonate rock, the hydrochemical facies are calcium 
bicarbonate and calcium–magnesium bicarbonate, such that HCO3, Ca and Mg 
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comprised up to 93% of the main ions in the non-AMD-impacted water. On the contrary, 
AMD-impacted water was characterized by a Ca-Mg-Fe-Al-SO4 composition.  
Of the different hydrogeochemical processes that may influence hydrochemical 
compositions of both waters, there are three that should be considered: (1) the source of 
SO4; (2) water-rock reactions; and (3) oxidation of pyrite. The discussion is summarized 
as follows. 
The δ34SSO4 composition may indicate its origin and formation processes (Hoefs, 
2009). Oxidation of sulfides is the principal source of SO4 in waters and makes that 
technique potentially a useful tracer to identify the sources of dissolved sulfate (Edraki et 
al., 2005). Compared with non-AMD-impacted water, the δ34SSO4 values of 
AMD-impacted water were obviously lower (Table 5.1). The most negative δ34SSO4 
corresponded to the highest concentrations of SO4 and vice versa (Table 5.1). That 
evidence suggests a different source of SO4 in both waters. The δ34SSO4 value of 
non-AMD-impacted water falls within the range of rainfall SO4 (-8.1‰ — -2.0‰) collected 
in Guizhou Province (Xiao et al., 2003; Lang et al., 2008). Consequently, the data suggest 
that the main S sources in non-AMD-impacted water are atmospheric deposition. In 
comparison, the δ34SSO4 of AMD-impacted water showed the negative δ34S signature of 
pyrite and its efflorescent sulfates. That is coincident with δ34S compositions of coal 
characterized by high sulfur and low δ34S in Guizhou Province (Ni and Hong, 1999; Jiang 
et al., 2007). 
Water-rock reactions are a major process that control hydrochemical characteristics 
of water in karst areas. The dissolution of carbonate rock in karst aquifers generally yields 
Ca and Mg ions, which can be described by Eq. (5.3).  
CaMg(CO3)2 + 2H2O + 2CO2     Ca2+ + Mg2+ + 4HCO3-                     
CaCO3 + CO2 + H2O     Ca2+ + 2HCO3-                                  (5.3) 
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Water-rock reactions may take place due not only to the attack of H2CO3 derived 
from dissolution of CO2 in the water, but also to the attack of H2SO4 produced by 
oxidation of sulfides or by input of atmospheric SO2 into the waters. According to the 
result of δ34SSO4, the main source of δ34SSO4 in non-AMD-impacted water is atmospheric 
deposition. There is one primary mechanism responsible for the water-rock reactions in 
non-AMD-impacted water. The dissolution of carbonate rock in karst aquifers by sulfuric 
acid is described by Eq. (5.4). 
3CaxMg1-xCO3 + H2CO3 + H2SO4    3xCa2+ + 3(1-x)Mg2+ + 4HCO3- + SO42- (5.4) 
The equivalent charge ratios of (Ca + Mg) and (HCO3 + SO4) for non-AMD-impacted 
water were almost on the 1:1 line (Fig. 5.4a). In comparison, the equivalent charge ratios 
for AMD-impacted water were far away from the 1:1 line (Fig. 5.4a). It suggests that SO4 
behavior of AMD-impacted water is influenced not only by the reaction depicted in Eq. (4), 
but also by Eq. (5.5). 
FeS2 + 7/2O2 + H2O     Fe2+ + 2SO42- + 2H+                           (5.5) 
The Fe/SO4 ratios in AMD-impacted water were closer to the 1:2 line (Fig. 5.4b). That 
is because the oxidation of pyrite dissolved by groundwater contributed greatly to 
chemical compositions of AMD-impacted water. Comparing the equivalent charge ratios 
of Fe and (HCO3 + SO4) - (Ca + Mg) of AMD-impacted water in the wet season, to those 
in the dry season shows that the dry season is closer to the 1:2 line. Along the flow 
direction, the equivalent charge ratios of AMD-impacted water in the wet season became 
similar to that in the dry season. That could be explained by: (1) hydrochemical 
compositions of AMD-impacted waters in the dry season were mainly controlled by the 
oxidation of pyrite in upstream mine tailings and open pits; and (2) that AMD-impacted 
waters in the wet season were also influenced by rainfall. 
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Fig. 5. 4 Relationship of main ions (Ca, Mg, HCO3, Fe and SO4) for AMD-impacted and 
non-AMD-impacted waters 
5.4.2 Comparison with hydrochemistry between both streams 
In order to understand the spatial variations of hydrochemistry in a complex system 
of watersheds in karst areas, it is necessary to consider all the sources and processes 
that might affect the water composition, such as (1) the weathering effects from carbonate 
rock; (2) the seasonal changes of runoff responding to rainfall; (3) the dilution effect by 
the runoff; and (4) precipitation and/or co-precipitation of Fe mineral phases. 
5.4.2.1 pH, Ca and Mg 
The evolution of pH showed that there was an increase in AMD-impacted and 
non-AMD-impacted waters along the flowpath (Fig. 5.2 a). That is caused by the 
sedimentary carbonate rock prevalent in the study area. The principle components of 
carbonate rock are dolomite (CaMg(CO3)2) and limestone (CaCO3). To some extent, the 
stream channel in the study area is an open limestone channel, which is a common 
passive treatment system for AMD (e.g., Ziemkiewicz et al., 1997; Strosnider et al., 2013). 
In effect, the AMD flowing through it is exposed to a very large yet uncontrolled passive 
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treatment system where carbonate dissolution is neutralizing acidity, raising pH, and 
enabling various metal removal mechanisms. 
In comparison, concentrations of Ca and Mg in AMD-impacted water were similar to 
that in non-AMD-impacted water in the same season (wet and dry seasons, respectively) 
(Fig. 5.2 b and c). This suggests that the evolution of Ca and Mg in both waters is 
dominantly influenced not by AMD input, but by water-rock reactions. It also indicates that 
catchments where both waters occur, have extremely similar geology.  
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Fig. 5. 5 Relationship between Fe concentration and the Fe/SO4 ratio 
5.4.2.2 Fe and SO4  
Mining activities frequently create large amounts of waste rock, which often contains 
various metal sulfide minerals such as pyrite (Qiu et al., 2009). Pyrite is the most 
abundant metal sulfide in nature and, thus has a major effect on the biogeochemical Fe, 
S and O cycles, and it is a principal constituent of AMD (Romero et al., 2010). However, 
in AMD-impacted water, Fe concentrations in the dry season were higher than in the wet 
season, while the seasonal variation of concentration for SO4 was the opposite (Fig. 5.2 d 
and e). This suggests that the Fe concentration in AMD-impacted water is controlled 
mostly by pyrite oxidation and SO4 concentration is influenced by both pyrite oxidation 
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and precipitation in the wet season. 
Although SO4 does not behave strictly conservatively, SO4 concentrations are 
sufficiently high compared to Fe that it can be considered as conservative (Berger et al., 
2000). Consequently, the Fe/SO4 (mg/L) ratio can be measured in AMD in order to further 
reveal geochemical evolution information. 
Fig. 5.5 shows the relationship between Fe concentration and the Fe/SO4 ratio. It can 
be seen that the Fe/SO4 relationships of non-AMD-impacted and AMD-impacted waters 
were similar, while Fe concentrations differed. Ratios of Fe/SO4 for non-AMD-impacted 
and AMD-impacted waters decreased along the flow direction. In other words, Fe 
concentrations showed an evident drop along the flow direction due to effects of 
precipitation and/or co-precipitation. Downstream, the AMD-impacted water relationship 
between the Fe concentration and Fe/SO4 ratio was similar to the non-AMD-impacted 
water relationships. That is further explained by SI as follows.   
 
Fig. 5. 6 Mean values of primary solid Fe species in both streams as calculated with 
PHREEQC 
5.4.2.3 Saturation indices and species 
Fe speciation showed interesting differences between the streams (Fig. 5.6). In 
AMD-impacted water, scorodite (FeAsO4·2H2O) was modeled as the predominant solid 
species, while Fe(OH)2.7Cl0.3 species only represented 11% of the whole. This is because 
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the oxidation of Fe (II) to Fe (III) could adsorb and/or precipitate a large portion of As with 
the increase of pH (Smedley and Kinniburgh, 2002). That process is pH dependent, 
where, in more alkaline conditions, the degree to which arsenates are adsorbed 
decreases (Stumm and Morgan, 1995). In non-AMD-impacted water, scorodite 
(FeAsO4·2H2O) was down to 21% of the whole and Fe(OH)2.7Cl0.3 species increased.  
Fe(OH)3(a) species were modeled as 14% of the whole in AMD-impacted water, but 
only 4% in non-AMD-impacted water (Fig. 5.6). The data are consistent with field 
observations: there are reddish-brown and yellow precipitates being deposited on the 
bottom of the AMD-impacted stream. The ochreous precipitates observed in the field 
likely contained various Fe-bearing secondary minerals (Equeenuddin et al., 2010). The 
results of many studies (e.g., Murad and Rojik, 2004; Williams et al., 2002) have indicated 
that the chemistry and mineralogy of ochreous precipitates are very complex in streams, 
lakes and sediments affected by AMD.   
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Fig. 5. 7 Variations of ionic species in both streams along the flow course as modeled with 
PHREEQC 
Fig. 5.7 displayed variations showing the SI values of some common minerals, which 
can precipitate from AMD and water-rock reactions. AMD can be controlled by the 
dissolution of carbonates (Johnson et al., 2000). In AMD-impacted and 
non-AMD-impacted waters, goethite (FeOOH) and Fe(OH)2.7Cl0.3 species were 
super-saturation, while species of jarosite(ss) ((K0.77Na0.03H0.2)Fe3(SO4)2(OH)6), 
melanterite (FeSO4·7H2O) and scorodite (FeAsO4·2H2O) were under-saturation (Fig. 5.7 
a and b). Fe(OH)3(a) species are generally considered to be the primary solubility control 
for Fe in acidic systems (Langmuir, 1997). The SI variation of Fe(OH)3(a) species was 
remarkably different in the stream waters. Fe(OH)3(a) species solubility decreased with 
the rise of pH at pH < 8 (Eary, 1999). That is why the SI variation of Fe(OH)3(a) species 
was under-saturation in the AMD-impacted water, while super-saturation in the 
non-AMD-impacted water. 
In AMD-impacted water, calcite and dolomite species were consistently 
under-saturation (Fig. 5.7 c and d). However, in non-AMD-impacted water, calcite and 
dolomite changed from under-saturation to super-saturation along the flow course. This 
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could be explained by three reasons: 1) the values of SI for calcite show an increase over 
the pH range from 6.8 to 9 (Eary, 1999) and the apparent super-saturation of calcite is 
common in natural aqueous systems and is often attributed to slow precipitation kinetics 
(Herman and Lorah, 1988); 2) outgassing of CO2 along the non-AMD-impacted stream 
reaches (Inorganic CO2 outgassing drives waters to become supersaturated with respect 
to calcite and, consequently, calcite deposition (Chen et al., 2004)); and 3) the adsorption 
and co-precipitation of Fe on calcite mineral surfaces (Mettler et al., 2009) and/or the 
ubiquitous Fe-oxyhydroxide precipitates coating the streambed in the AMD-impacted 
stream, create an “armoring” effect that dramatically hinders carbonate dissolution 
(Ziemkiewicz et al., 1997; Sun et al., 2000).  
To the contrary, jurbanite (AlOHSO4) of non-AMD-impacted water was 
under-saturation, while that of AMD-impacted water became super-saturation 
downstream (Fig. 5.7 c and d). Because AMD-impacted water contained high SO4 
concentrations, Al-SO4 compounds may influence Al activities at pH<5 (Lee et al., 2002). 
That is also supported by Eary (1999): Solubility for jurbanite decreases with the rise of 
pH (pH < 6). SI values of anhydrite (CaSO4) and gypsum species of the AMD-impacted 
water were under-saturation and higher than that of the non-AMD-impacted water. 
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Fig. 5.8 Variations of unit ion flux for AMD-impacted and non-AMD-impacted catchments. 
Unit ion flux represents the ion flux in unit area of AMD-impacted or non-AMD-impacted 
catchments  
5.4.3 Mass balance of constituents of interest  
Unit ion fluxes of catchments were calculated so as to further know the amount of 
constituents transported downstream in each catchment. Unit ion fluxes of the 
AMD-impacted catchment for Ca, Mg, H, Fe and SO4 were 17 g/(m2·yr), 2 g/(m2·yr), 
0.0002 g/(m2·yr), 17 g/(m2·yr) and 136 g/(m2·yr), respectively (Fig. 5.8). However, unit ion 
fluxes of non-AMD-impacted catchment were much lower than that of AMD-impacted 
catchment (Fig. 5.8). Unit ion fluxes of Ca and Mg were slightly different in both 
catchments (Fig. 5.8). The ratios of the unit ion fluxes of AMD-impacted and 
non-AMD-impacted catchments were H, Fe, SO4, Mg and Ca in sequence from largest to 
smallest. That is contributed to the effect of AMD. 
In order to further compare ion concentration variations along the water flow, fluxes 
between AMD-impacted and non-AMD-impacted waters were calculated (Table 5.3). 
Fluxes of H, Ca, Mg, Fe and SO4 from M1 to M4 of AMD-impacted water decreased along 
the flow, while that from S1-S5 of non-AMD-impacted water increased. In other words, the 
decrease of ion concentrations in AMD-impacted water is mainly controlled by dilution, 
adsorption, precipitations and/or co-precipitation, while the rise of ion concentrations in 
non-AMD-impacted water is influenced by dissolution. That is because the metal 
concentration of an acid solution has a significant effect on the neutralization rate of that 
solution (Sun et al., 2000). The presumed Fe-oxyhydroxide precipitation that coats rocks 
and fills in the pore spaces in streambeds typically makes carbonate dissolution rates 
decrease just as it does in passive treatment systems for AMD (Ziemkiewicz et al., 1997). 
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Net fluxes of M1-S1 AND M4-S5 were expressed as the difference between M1 and S1, 
M4 and S5, respectively. Net fluxes of constituents of interest, such as Ca, Mg, Fe and 
SO4, exhibited a decrease in both streams from M1-S1 to M4-S5. It is suggested that the 
net flux of AMD-impacted water affected by AMD inputs decreased because of dilution, 
adsorption and co-precipitation (Wu et al., 2009a). 
5.5 Conclusions 
The study area may serve as a model system that allows paired insight into the 
geochemical processes responsible for the formation of AMD-impacted and 
non-AMD-impacted waters. The δ34SSO4 composition in AMD-impacted water 
characterized by a Ca-Mg-Fe-Al-SO4 composition differed markedly from δ34SSO4 in 
non-AMD-impacted water characterized by a Ca–Mg–HCO3 composition. The isotopic 
and geochemical evidence suggests that the chemical composition of AMD-impacted 
water is controlled by dissolution of carbonate rock, together with oxidation of pyrite in the 
mining catchment, and that of non-AMD-impacted water is primarily influenced by 
dissolution of carbonate rock. 
Concentrations of Ca and Mg in both AMD-impacted and non-AMD-impacted waters 
were very similar in the wet and dry seasons, respectively. It follows that the evolution of 
Ca and Mg in both waters is predominantly controlled by dissolution of carbonate rock. Fe 
speciation showed interesting differences between both streams. In AMD-impacted water, 
scorodite (FeAsO4·2H2O) was the predominant species, while Fe(OH)2.7Cl0.3 species only 
represented 11% of the whole.  
Along the flow, concentrations of ions (Ca, Mg, Fe and SO4) in AMD-impacted water 
decreased, while that in non-AMD-impacted water increased. That is consistent with flux 
variations in both of the stream waters.  
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AMD-impacted water (from M1 to M4) and non-AMD-impacted water (from S1 to S5) 
undergo the same natural environment, geology conditions, and have a similar flow 
course but different land use within their catchments. Upstream, unit ion fluxes in the 
AMD-impacted catchment for Ca, Mg, H, Fe and SO4 were much higher than that for the 
non-AMD-impacted catchment. The decrease of fluxes of H, Ca, Mg, Fe and SO4 were 
from M1 to M4 for AMD-impacted water because of dilution, adsorption, precipitation 
and/or co-precipitation. However, fluxes of H, Ca, Mg, Fe and SO4 increased from S1-S5 
for non-AMD-impacted water. This contributed to dissolution. In order to further identify 
behaviors and sources of constituents of interest, other stable isotope tracers (such as 
δ18OSO4, δ2HH2O and δ18OH2O) could be applied (e.g., Balci et al., 2012; Michalik and 
Migaszewski, 2012). 
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Table 5. 1 Basic statistics of the variables analyzed in dry season 
Items Units 
Mean Min. Max. STDEV Mean Min. Max. STDEV 
Dry season 
AMD-impacted water Non-AMD-impacted water 
*pH  3.3 2.8 4.4 0.7 7.8 7.0 8.3 0.6 
SC µs/cm 1043 865 1282 151 316 145 380 96 
HCO3 mg/L 0 0 0 0 199 63 240 76 
SO4 mg/L 622 566 677 51 17 5.6 29 8.2 
*Ca mg/L 86 77 97 8.9 72 12 92 33 
*Mg mg/L 14 13 16 2.1 10 0.07 16 6.0 
Fe mg/L 38 29 61 14 0.69 0.23 1.9 0.66 
δ34SV-CDT ‰ -9.9 -10.1 -9.7 0.21 -6.0 -6.8 -5.0 0.93 
Note: *data of AMD-impacted water are from Sun et al., (2012). 
 
Table 5. 2 Basic statistics of the variables analyzed in wet season 
Items Units 
Mean Min. Max. STDEV Mean Min. Max. STDEV 
Wet season 
AMD-impacted water Non-AMD-impacted water 
*pH  3.3 3.0 3.8 0.3 7.9 7.2 8.5 0.6 
SC µs/cm 1154 737 2230 608 325 145 382 80 
HCO3 mg/L 0 0 0 0 144 59 207 74 
SO4 mg/L 1079 737 1647 338 24 8.3 33 10 
*Ca mg/L 65 59 77 6.9 57 27 67 17 
*Mg mg/L 13 12 15 1.1 8.3 2.2 10 3.4 
Fe mg/L 18 6.8 44 15 0.34 0.02 1.6 0.68 
Note: *data of AMD-impacted water are from Sun et al., (2012). 
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Table 5. 3 The basic data (a) and fluxes (b) of AMD-impacted and non-AMD-impacted waters in the wet season 
                                                           (a) 
Item AMD-impacted water Non-AMD-impacted waterM1 M4 S1 S5 
pH 2.9 3.16 7.5 8.37 
Fe (mg/L) 44 10.6 0.057 1.56 
SO4 (mg/L) 576 422 8.32 18.29 
Ca (mg/L) 77 64 26.82 64 
Mg (mg/L) 14.6 12.7 2.24 10.4 
 
(b) 
Item 
Fluxes 
Net flux 
AMD-impacted water Non-AMD-impacted water
M1 M4 S1 S5 M1-S1 M4-S5
H (kg/d) 0.001 0.0006 0 0 0.001 0.0006
Fe (kg/d) 36 9 0.011 0.47 36 9
SO4 (kg/d) 466 377 2 5 464 372
Ca (kg/d) 62 57 5 19 57 38
Mg (kg/d) 12 11 0.43 3 12 8
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6 Hydrogen and oxygen isotopic composition of karst waters 
with and without acid mine drainage: Impacts at a coalfield 
 6.1 Introduction 
As a crucial resource of drinking water, karstic aquifers have become an 
important field for hydrogeological study (Sun et al., 2012). Due to their unique 
nature carbonate aquifers are especially vulnerable to anthropogenic 
contamination and their use as drinking water resources requires careful a 
priori assessment of their chemical and physical characteristics (Schiavo et al., 
2009). Karst geology is characterized by a relatively high degree of porosity, 
heterogeneity, and connectivity compared to other geologic settings 
(Bakalowicz, 2003). Hence, it has been extremely difficult to develop a 
systemic understanding karst systems and their unique bicarbonate buffering 
system, especially those affected by AMD.  
Present-day knowledge of spatial and temporal variations of the 
characteristics of karst systems is sparse (Moral et al., 2008). Of all the 
methods used to understand hydrologic processes in small catchments, 
applications of tracers – in particular isotope tracers (e.g. 18O/16O and 2H/1H) – 
have been the most useful in terms of providing new insights into hydrological 
processes (Kendall and McDonnell, 1998). 
In a review compilation, Schulte et al. (2011) demonstrated that over the 
last few decades data on inorganic and organic constituents and ionic fluxes in 
river basins were complemented by isotopic tracer studies. The main purpose 
of most of these studies was to identify the sources and cycling of water and 
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solutes in river systems. A proper assessment of hydrogeochemical 
characteristics involves the identification and quantification of all sources. 
Despite the importance of such processes, quantitative assessment studies 
are lacking (Cánovas et al., 2012). Such studies require the implementation of 
tools to identify and evaluate the different sources and mixing processes 
shaping the hydrogeochemistry of these unique systems.  
In general, isotopic tracers in conjunction with other conservative tracers 
(e.g., chloride) have been used to quantify multiple contributions to 
stream/river flow. These studies have been helpful for understanding ground 
and surface water interactions, providing new insights into hydrological 
processes, as well as for associated transport of water and redefining 
hydrological models on catchment scale (e.g., Kendall and MacDonnell, 1998; 
Barth and Veizer, 2004; Ladouche et al., 2001). Often, end-members with 
distinct hydrochemical characteristics cannot be collected (Carrera, 2004). In 
addition, their concentrations vary in time and space. For these cases it is 
possible to quantify the proportional contributions of different sources (Barth 
and Veizer, 2004). This method is based on the modeling of mixing waters 
from mass balance of solutes and accounts for the uncertainty of 
end-members. 
Guizhou Province in SW China is host to one of the more famous 
coalfields in China as well as a vast karst region. Groundwater constitutes 
about 80% of total water resources in Guizhou Province (Lu, 2007). In the 
study area, there has been much research on the migration and transfer of 
constituents of concern in karst waters, paddy soil, and sediments of reservoirs 
and rivers (e.g., Wu et al., 2009a; Tang et al., 2009; Xie et al., 2011; Tao et al., 
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2012; Sun et al., 2009, 2012, 2013).  
The main objectives of this study were: (1) to evaluate water flux with the 
three-component mixing technique; together with (2) to elucidate δ2HH2O and 
δ18OH2O dynamics in karst waters with and without AMD impacts, especially 
the variability of δ2HH2O for AMD-impacted waters. These determinations were 
preceded by chemical analyses (Sun et al., 2013). Research on the dynamics 
of δ18OH2O and δ2HH2O in AMD-impacted waters is scarce (e.g., Seal et al., 
2008; Schulte et al., 2011). The authors have not encountered a study such as 
this in a karst system anywhere in the literature. 
6.2 Materials and methods 
6.2.1 Site description 
The study area is located in the Xingren coalfield of Guizhou Province 
(105°1’-105°2’ E, 25°3’-25°4’ N) (Fig. 6.1). The climate is of the subtropical 
warm–moist type with annual average temperature of 15.2 ºC and precipitation 
of 1320.5 mm, respectively (Wu et al., 2009a). About 84% of the annual 
precipitation falls in the wet season from May to October. Most of the paddy 
fields are irrigated by the AMD-impacted and Main channel mix waters in the 
study area during the growing season.  
There are two reservoirs, Shitouzhai Reservoir and Maoshitou Reservoir, 
in the study area (Fig. 6.1). The Shitouzhai Reservoir is an area without the 
effects of mining. However, there are many coal pits upstream of the 
Maoshitou Reservoir, from which AMD flows continually from the mining zone. 
High-As coal was mined in the study area since the 1940s. In 1976, mining 
activities were forbidden by the local government due to chronic As poisoning 
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in the exposed population (Li et al., 2005). 
The stream flows from the Shitouzhai Reservoir and Maoshitou Reservoir 
join together to become the main stream at site M1 of the study area (Fig. 6.1). 
It becomes an underground river in the area between sites M3 and M4, and 
flows out from the study area after the tributary joins at site M5. Springs are in 
the vicinity of the Maoshitou stream and main channel. For ease of discussion, 
we categorized the Maoshitou stream and Main channel waters with low pH 
value and high levels of Fe, SO4 and heavy metals as the “AMD-impacted” 
water and “Main channel mix” water, respectively, and will refer to the 
Shitouzhai stream as the “non-AMD-impacted” water. 
 
Fig. 6. 1 The map of the study area and sampling points 
6.2.2 Field sampling and measurements 
Water samples were collected throughout December, 2008 (Fig. 6.1). At 
each site, water samples were filtered through 0.22 μm nylon filters into two 
100 mL high density polyethylene bottles; one for Cl and another for stable 
 82
isotope (δ2HH2O and δ18OH2O). All of the samples were brought back to the 
laboratory and stored in a refrigerator at 4 ºC until analysis.  
Cl was measured by ICS-90 (Dionex Corp., Sunnyvale, CA, USA) 
following USEPA method 300A&B. Stable isotope analyses were conducted at 
the State Key Laboratory of Environment Geochemistry, Institute of 
Geochemistry, Chinese Academy of Sciences with a Thermo Finnigan Mat 253 
Isotope Ratio Mass Spectrometer (IRMS, Thermo fisher Corp., Germany). For 
δ2HH2O, 0.5 mL of water sample was loaded in a LABCO bottle, converted to H2 
at 1350 °C and passed into the IRMS (Mat253). In similar, δ18OH2O was 
determined by introducing the water sample into a Thermo Fisher Scientific, 
converted to CO at 1350 °C before transfer to the IRMS (Mat253). Sample 
preparation followed the method of Epstein and Mayeda (1953) for δ18OH2O 
and Morrison et al. (2001) for δ2HH2O. Reproducibility (1σ) was +1.0‰ for 
δ2HH2O and +0.2‰ for δ18OH2O. Stable isotope data are expressed in delta (δ) 
notation as parts per thousand (‰) relative to V-SMOW (e.g., Hoefs, 2009; 
Schiavo et al., 2009). 
6.2.3 Three-component mixing model  
Various tracers have been employed for studies in allochtonous systems,  
including isotope tracers (δ18OH2O) and geochemical data such as total 
dissolved solids, specific conductance, Cl and temperature (Gibson et al., 
2005). In order to evaluate the relationship of the different end-members to 
each other their isotope values were compared to those of the local surface 
water. However, with the influence of local springs, more than two 
end-members had to be accounted for. Consequently, δ18OH2O and Cl were 
83 
 
applied as tracers for their conservative characteristics in this study.  
Based on modeling of mixing waters from mass balance of solutes, this 
method is serves as a good tool to evaluation water fluxes of different 
end-members. The proportions of AMD-impacted (R1, R2 and R3), Shitouzhai 
stream (T1, T2 and T3) and spring waters (S1) were reflected by an 
intermediate composition of δ18OH2O and Cl in the main channel mixing pool for 
which the following equation system was applied (Barth and Veizer, 2004):  
W δ18Ow + X δ18OX + Y δ18OY = δ18OZ                             (6.1) 
W Clw + X ClX + Y ClY = ClZ                                      (6.2) 
W + X + Y = 100%                                              (6.3) 
with W, X and Y being the relative proportions of AMD-impacted, 
non-AMD-impacted stream and spring waters, respectively. This system of 
equations was solved with combined matrix operations applying Cramer’s rule 
(Haeussler and Paul, 1987). 
6.3 Results 
Statistical results of δ2HH2O, δ18OH2O and Cl are summarized in Table 6.1. 
Compared with non-AMD-impacted, spring and Main channel mix waters, the 
compositions of AMD and AMD-impacted water were characterized by similar 
compositions of δ2HH2O and δ18OH2O. Along the water flow, Main channel mix 
water is recharged by AMD-impacted, non-AMD-impacted and spring waters. 
As a result, the compositions of δ2HH2O and δ18OH2O for the Main channel mix 
water were between that of the three. 
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6.4 Discussion 
6.4.1 Comparison to the isotopic composition of karst waters  
The relationships between isotopic compositions in various waters and 
MWLs showed in Fig. 6.2. Isotope trends in terrestrial waters are examined 
relative to global meteoric water line and meteoric trends including local line 
(GMWL and LMWL, respectively) (Craig, 1961). There is no suitable station 
having at least one full-year record in our study area. We quoted the LMWL of 
Zhenning (Luo et al., 2013), because Zhenning is located closely in the 
northeast of the study area and the linear distance between them is 93 km. 
Therefore, we assumed the differences in vapor isotope of these two sites to 
be minor.  
 
Fig. 6. 2 The relationships between isotopic compositions in various waters 
and MWLs. The global meteoric water line (GMWL) of Craig (1961) is shown 
for reference. The solid line without an arrow is GMWL. The dotted line without 
an arrow represents the local meteoric water line (LMWL). Solid lines with 
arrows represent the condensation line, evaporation line and water-rock 
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interaction, respectively. The lines of local meteoric water line, re-condensation, 
re-evaporation and water-rock interaction are taken from Luo et al. (2013) 
6.4.1.1 AMD, AMD-impacted and Mix waters 
The isotope composition of AMD was characterized by significant 
variability (δ18OH2O between -9.5‰ and -9.2‰ and δ2HH2O between -59‰ and 
-54‰) reflecting spatial variations and isotope fractionation (Table 6.1 and Fig. 
6.2). Along the water flow, compositions of δ18OH2O for the AMD-impacted 
water were similar to that of the AMD, while δ2HH2O values decreased (Fig. 6.2). 
That predominantly results from the oxidation of pyrite in upstream mine 
tailings and open pits. Along the flow, compositions of δ2HH2O and δ18OH2O for 
the Main channel mix water were different from that for the AMD-impacted 
water due to the input of the non-AMD-impacted water (Figs. 6.1 and 6.2). 
6.4.1.2 Non-AMD-impacted and spring waters 
In non-AMD-impacted water, the slope (10.68) and intercept (+33.93‰) of 
the regression line for karst waters were between re-evaporation and 
water-rock interaction (Fig. 6.2). This is a non-equilibrium process, where 
boundary layer influences induce kinetic fraction of the oxygen and hydrogen 
isotopes, which acts unequally on both isotopes (Gat, 1996). The data 
suggests that δ2HH2O and δ18OH2O of non-AMD-impacted water are influenced 
by re-evaporation and water-rock interaction. That is supported by Sun et al. 
(2013): compositions of the non-AMD-impacted water were controlled by 
water-rock interaction as background water, and that of the AMD-impacted 
water were affected by the input of AMD.  
In the springs, the slope (13.63) and intercept (+67.11‰) of KRL were in 
the vicinity of LMWL (Fig. 6.2). The correlation coefficient of δ2HH2O and 
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δ18OH2O for spring water increased to 0.98. Thus, the variability of δ2HH2O and 
δ18OH2O for spring water was influenced by the effect of re-condensation. 
6.4.2 Geochemical characteristics of δ2HH2O and δ18OH2O 
Isotopic fractionation occurs in any thermodynamic reaction due to 
differences in the rates of reaction for different molecular species (Fritz, 1997). 
δ18OH2O generally is considered as a conservative element, while H of water 
(2HHO) is easy to fractionate in processes of physicochemical reactions under 
equilibrium conditions or non-equilibrium (kinetic) conditions and/or molecular 
diffusion (Hoefs, 2009). In other words, physicochemical reactions will cause 
the enrichment of δ2H and δ18O. In the study area, the variability of δ2HH2O and 
δ18OH2O for acid mining waters must take into account the relative importance 
of two primary processes, pyrite oxidation and Fe hydrolysis. The discussion is 
summarized as follows. 
There are two pathways of pyrite oxidation brought about by two oxidants 
(O2 and Fe3+) (Garrels et al., 1960; Singer and Stumm, 1970; Taylor et al., 
1984; Nordstrom and Southam, 1997): 
At pH>4, FeS2 is generally oxidized by O2: 
FeS2 + 7/2O2 + H2O       Fe2+ + 2SO42- +2H+                (6.4) 
At pH<4, FeS2 is generally oxidized by Fe3+ equation (Eq. (6.5)): 
FeS2 +14Fe3++8H2O       15Fe2+ + 2SO42- + 16H+            (6.5) 
The common reaction controlling pyrite oxidation is Eq. (6.4) under oxic 
conditions. It is noteworthy that the Eq. (6.4) is somewhat misleading in that (1) 
the primary oxidant involved in pyrite oxidation in most situations is ferric Fe 
rather than molecular oxygen (Evangelou, 1995); and (2) pyrite oxidation is a 
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multistep process involving an oxygen-independent reaction (ferric Fe attack 
on the mineral) and oxygen-dependent reactions (reoxidation of ferrous Fe to 
ferric and oxidation of reduced sulfur compounds produced as intermediates in 
the process, ultimately to sulfate) (Johnson and Hallberg, 2005). In addition, 
Seal (2003) reviewed that a number of studies have shown that, even in the 
presence of molecular O2, most of the O atoms formed during pyrite oxidation 
are inherited from water, as the following Eq. (6.6). 
FeS2 + 10Fe3+ + O2 + 6H2O        11Fe2+ + 2SO42- + 12H+            (6.6) 
H of water (2HHO) is easier to fractionate than δ18OH2O in processes of 
physicochemical reactions (Hoefs, 2009). Consequently, the composition of 
δ18OH2O for the AMD and AMD-impacted water was similar to that for the 
sample A1 upstream (background water), while the composition of δ2HH2O was 
quite different (Figs 1 and 2). In contrast with the sample A1, the δ2HH2O 
enrichment was in the AMD and AMD-impacted water. That is predominantly 
contributed to pyrite oxidation.  
In addition, Fe is very susceptible to oxidation (Gazea et al., 1996). When 
ferrous Fe is converted to ferric at pH greater than 3, it often is quickly 
subjected to hydrolysis that results in the precipitation of hydroxide that 
blankets streambeds as a brownish sludge while releasing proton, based on 
the reaction: 
Fe3+ + 3H2O       Fe(OH)3(s) + 3H+                        (6.7) 
The process of Fe hydrolysis generally contributes to the enrichment of 
δ2HH2O for the AMD and AMD-impacted water. This results because 1H from 
water is easier to fractionate than 2H of water in processes of physicochemical 
reactions (such as Fe hydrolysis) (Hoefs, 2009). The process of Fe hydrolysis 
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of the AMD and AMD-impacted water is supported by Stumm and Morgan 
(1981): under equilibrium conditions negligible concentrations of dissolved 
ferric Fe exist at pH above 3. The observation was coincident with variations of 
Fe species in the AMD and AMD-impacted water. An Eh-pH diagram for Fe 
species is shown in Fig. 6.3. The evolution of Fe species in the AMD, 
AMD-impacted, non-AMD-impacted and Main channel mix waters was 
controlled by the changing redox conditions as water flowed downstream. In 
oxidizing acidic conditions, as noted in the AMD and AMD-impacted water, Fe 
is present in a +2 reduction state.  
 
Fig. 6. 3 Eh-pH diagram for Fe species. Eh (mV) and pH data correspond to 
the ambient conditions measured in surface water and spring from which the 
samples were taken, at the moment of sampling. Field boundaries for stability 
of the different Fe and S species are taken from Seal et al. (2008) and Dai 
(1996). Heavy dashed lines mark the limits of water stability. Shaded fields 
present stability of solids. The thin dashed lines mark boundaries among the 
dominance fields for S species. Solid lines mark boundaries among solid and 
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aqueous Fe species 
During the processes of Fe hydrolysis and pyrite oxidation, water 
molecules are invariably depleted in both light isotopes, making the remaining 
water enriched in heavy isotopes. That is supported by Horita (2005): the 
remaining water become progressively enriched in deuterium during the 
precipitation of these hydrous minerals from an isolated body of water, and 
isotopic exchange with consumption of water for redox reactions. That is also 
coincident with the result of Sun et al. (2013): the ratio of Fe(OH)3(s) and the 
total of solid Fe species for the AMD-impacted water was much higher than 
that for the non-AMD-impacted water in the study area. In addition, δ18OH2O 
does not fractionate as easily as δ2HH2O (Hoefs, 2009). As a result, AMD and 
AMD-impacted water were characterized by the similar composition of δ18OH2O 
and heavier δ2HH2O than that of the non-AMD-impacted water. 
6.4.3 Spatial variability of Cl and δ18OH2O 
Of the different hydrogeochemical processes that may influence 
hydrochemical compositions in karst waters, there are three that should be 
considered: (1) pyrite oxidation; (2) the processes of condensation and 
water-rock interaction; and (3) atmospheric evaporation, because isotopic and 
chemical characteristics would change due to such secondary processes that 
are unrelated to mixing. 
Cl and δ18OH2O are generally considered as conservative elements. 
Considering Cl and δ18OH2O of the Main channel mix water as a mixture of the 
input of AMD-impacted and non-AMD-impacted waters and knowing that there 
are no further isotope-discriminating processes present in the Main channel 
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mix water, such mixing relations of karst waters were further manifested by the 
Cl and δ18OH2O plot presented in Fig. 6.4. The variations of Cl and δ18OH2O for 
the AMD-impacted water were similar with that of AMD. In comparison, the 
non-AMD-impacted water was characterized by the heavier δ18OH2O. Because 
non-AMD-impacted water is controlled by re-evaporation and water-rock 
interaction, while AMD and AMD-impacted water are affected by the process of 
pyrite oxidation and Fe hydrolysis. The lower of δ18OH2O but higher Cl 
concentrations were in the springs waters. Except for M5, variations of Cl and 
δ18OH2O for the Main channel mix water were similar with springs, 
AMD-impacted and non-AMD-impacted waters.  
 
Fig. 6. 4 The relationship of Cl and δ18OH2O in karst waters 
Sun et al. (2013) indicated that hydrogeochemical characteristics of the 
AMD-impacted water were dominantly controlled by oxidation of pyrite, while 
that of non-AMD-impacted water were influenced by water-rock reactions in 
this study area. That provides an opportunity to further identify the variability of 
Cl and δ18OH2O. Consequently, karst waters were chosen to analyze the 
variability of Cl and δ18OH2O based on the distance with the water flow (Fig. 
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6.5a, b). The Cl concentrations in the most of spring and non-AMD-impacted 
water samples were higher than that of AMD-impacted and Main channel mix 
waters. In the water evaporation process, 18O value is more easily influenced 
than 2H (Hoefs, 2009). The δ18OH2O compositions of the non-AMD-impacted 
water influenced by the process of re-evaporation were heavier than that of 
springs, AMD-impacted and Main channel mix waters. Along the water flow, 
the values of Cl and δ18OH2O for the Main channel mix water increased at M4 
due to the input of groundwater, then decreased at M5 own to the tributary 
recharge. 
 
 
Fig. 6. 5 The relationship of Cl (a), δ18OH2O (b) and distance in karst waters 
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6.4.4 Mixing water masses of AMD-impacted, Shitouzhai stream and 
spring waters 
In an attempt to evaluate influences of different water masses, water 
mixing model was determined for the Main channel mix water, the unique 
irrigation channel of the study area in karst mountain area. This channel is 
recharged by the AMD-impacted, non-AMD-impacted and spring waters (Fig. 
6.1). Percent contributions of the AMD-impacted, non-AMD-impacted and 
spring waters were 34.6%, 10.6% and 54.8%, respectively. The springs are the 
greatest contributors. However, the chemical compositions of the Main channel 
mix water revealed AMD-impacted water as the dominant influence on water 
quality. This is supported by the results of Sun et al. (2012): the inputs of 
elements from the mining area to the Main channel mix water are 18 kg yr-1 for 
As, 871 kg yr-1 for Zn, 281 kg yr-1 for Cu and 12 kg yr-1for Cd, respectively. In 
addition, these occurred during the whole year and influenced physical and 
chemical characteristics of the dry land and paddy field as the unique irrigation 
channel in the study area, especially during the growing season. In other 
words, AMD-impacted water just contributed 34.6% of the water in the Main 
channel mix water, while obviously strongly influencing its hydrochemical 
characteristics. Note that similar threats can be expected for release of 
contaminants from sediments to the water column. 
6.5 Conclusions 
The study area is one of the most important coal districts in China that 
produces serious AMD problems in a uniquely complex hydrogeologic system. 
Now the behavior of δ2HH2O and δ18OH2O is reasonably well understood for the 
93 
 
major hydrologic and geochemical processes of AMD production and transport. 
Results present principles and models for the isotopic fractionations of the 
AMD-impacted water by the two mechanisms (pyrite oxidation and Fe 
hydrolysis), which have not been previously well-studied. Study results also 
provide important information to utilize for impact assessments and 
remediation planning for these distinctive systems. For example, similar 
studies may be employed to determine the relative contributions from mining 
pollution and thus guide decision making and remediation options. 
Different compositions of δ2HH2O and δ18OH2O for AMD, AMD-impacted, 
non-AMD-impacted, spring and Main channel mix waters result from different 
processes of physicochemical reactions. AMD and AMD-impacted water had 
the similar composition of δ18OH2O and heavier δ2HH2O than that of other waters 
in the study area. That is contributed to the effect of pyrite oxidation and Fe 
hydrolysis. The compositions of δ2HH2O and δ18OH2O for the 
non-AMD-impacted water were influenced by re-evaporation and water-rock 
interaction, and that for the springs water have an effect of the re-condensation. 
Along the water flow, variations of δ2HH2O and δ18OH2O for the Main channel 
mix water was characterized by that for mixing waters of AMD-impacted and 
non-AMD-impacted waters. 
Based on the three-component mixing model, the above example of water 
fluxes also helps to understand the contribution rate of AMD-impacted water, 
non-AMD-impacted, spring to the Main channel mix water in the study area. 
The contribution rates of AMD-impacted water, non-AMD-impacted water, 
spring water to the Main channel mix water are 34.6%, 10.6% and 54.8%, 
respectively. However, the composition of δ2HH2O and δ18OH2O for the Main 
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channel mix water was mainly affected by the AMD-impacted water with the 
lower flow rate. For more reliable results more measurements should be taken 
from karst waters and longer time series should be established. In order to 
further understand reaction pathways of pyrite oxidation and biogeochemical 
controls, other stable isotope tracers (such as δ18OSO4 and δ34SSO4) could also 
be applied (e.g., Balci et al., 2007; Gammons et al., 2013). 
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Table 6. 1 Statistics data of δ2HH2O, δ18OH2O and Cl in karst waters 
Item AMD AMD-impacted water 
Main channel 
mix water 
Background waters 
Non-AMD-impacted Spring
δ2HH2O 
(‰)  
Min -59 -61 -64 -63 -70 
Max -54 -57 -58 -54 -55 
Avg -58 -59 -61 -60 -62 
SD 2 2 3 5 8 
δ18OH2O 
(‰) 
Min -9.5 -9.5 -11.7 -8.9 -10.1
Max -9.2 -9.3 -8.9 -8.6 -9 
Avg -9.4 -9.4 -9.7 -8.8 -9.5 
SD 0.1 0.1 1.1 0.1 0.6 
Cl (mg/L) 
Min 0.43 0.2 0.97 0.38 0.22 
Max 9.36 0.93 2.38 2.8 7.7 
Avg 3.18 0.02 0.04 0.05 0.11 
SD 3.29 0.01 0.02 0.03 0.11 
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7 Hydrochemistry and stable isotope compositions of karst 
waters generated by natural and mining activities 
7.1 Introduction 
Many rivers are seriously affected by AMD owe to mining activities related 
to concentrations of metal sulfides (Cánovas et al., 2012; Edraki et al., 2005). 
Sulfides (mainly pyrite, FeS2) when exposed to oxygen and water can oxidize, 
release heavy metals and SO4 can exhaust the bicarbonate buffering capacity 
of the receiving (Morin and Hutt, 1997). Effective remediation measures for 
acid mining waters must take into account the relative importance of these two 
processes, sulfide oxidation and bacterial (dissimilatory) sulfate reduction 
(Knöller et al., 2004). In AMD systems, oxidation of pyrite to sulfate is 
described as follows: 
At pH>4, FeS2 is generally oxidized by O2: 
FeS2 + 7/2O2 + H2O      Fe2+ + 2SO42- +2H+                      （7.1） 
At pH<4, FeS2 is generally oxidized by Fe3+ equation (Eq.) (7.2) and (7.3): 
Fe2++1/4O2+H+         Fe3++1/2H2O                        （7.2） 
FeS2+14Fe3++8H2O      15Fe2++2SO42-+16H+                    （7.3） 
The common reaction controlling pyrite oxidation is Eq. (7.1) under oxic 
conditions. It is noteworthy that the Eq. (7.1) is somewhat misleading in that (1) 
the primary oxidant involved in pyrite oxidation in most situations is ferric Fe 
rather than molecular oxygen (Evangelou, 1995); and (2) pyrite oxidation is a 
multistep process involving an oxygen-independent reaction (ferric Fe attack 
on the mineral) and oxygen-dependent reactions (reoxidation of ferrous Fe to 
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ferric and oxidation of reduced sulfur compounds produced as intermediates in 
the process, ultimately to sulfate) (Johnson and Hallberg, 2005). 
The cycle of stable isotope (δ34SSO4, δ18OSO4, δ2HH2O and δ18OH2O) plays a 
key role in pyrite oxidation in coal mining areas, which are often characterized 
by AMD. According to the oxidation pathways of pyrite, water is a necessary 
reactor. Stable isotope (δ2HH2O and δ18OH2O) can serve as a conservative 
tracer as long as their ratios have not been influenced by evaporation in water 
bodies or by exchanges with soil or rock (Gat, 1996; Schulte et al., 2011). The 
δ34SSO4 composition may indicate its origin and formation processes (Hoefs, 
2009). The δ18OSO4 is the principal source of SO4 in waters and makes this 
technique potentially a useful tracer to identify the sources of dissolved sulfate 
(Edraki et al., 2005). Consequently, identification of stable isotope sources and 
transformations is essential if we are to understand the current status of acidic 
runoff and reservoirs and propose successful remediation strategies. 
The study area is one of the most famous coalfields and the center of 
karst areas in SW China. High-As coal was mined in the study area since the 
1940s. In 1976, mining activities were forbidden by the local government due 
to chronic As poisoning in the exposed population (Li et al., 2005). AMD 
originated from deserted mines, dumps, tailing dams and open pits will 
continually affect the surrounding environment even long after the mining 
activity has been ended. In addition, karst geology is characterized by a 
relatively high degree of heterogeneity, porosity, and connectivity compared to 
other geologic settings. Present-day knowledge of the spatial variability of the 
characteristics of the karstic medium leaves many questions still unanswered 
(Moral et al., 2008), especially karst waters affected by mining activities. 
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The main objectives of this study were: (1) to elucidate hydrochemical 
characteristics of karst waters with and without AMD impacts; together with (2) 
to clarify the spatial variability of stable isotope (δ34SSO4, δ18OSO4, δ2HH2O and 
δ18OH2O) for karst waters, especially sulfate sources and mechanisms of 
sulfate mobilization. We further discuss the application condition of the general 
isotope-balance model (Taylor and Wheeler, 1994), which is generally applied 
to evaluate contributions of water-derived and atmospheric oxygen in acid 
drainage sulfate. 
7.2 Materials and methods 
7.2.1 Description of the study area 
The study area is located in the Xingren coalfield (105°1’-105°2’ E, 
25°3’-25°4’ N), Guizhou Province (Fig. 7.1). The climate is of the subtropical 
warm–moist type with annual average temperature and precipitation of 15.2 ºC 
and 1036.3 mm, respectively. About 84% of the annual precipitation falls in the 
wet season from May to October. The landform is dominated by mountain, hill 
and basin and the topography is high in the west and low in the east. The 
bedrock is mainly composed of sedimentary carbonate rock from the Permian 
to Triassic period, and the coal-bearing strata are mainly hosted in the Permian 
Longtan Formation (Wu et al., 2009a). Mudstones, silt-mudstones and 
siltstones are generally present at the top of the coal layers, while they are 
underlain by clay stones and silt-clay stones (Wu et al., 2009a). 
The Maoshitou catchment and Shitouzhai catchment both are forested 
with similar slope, soil, geology, area and vegetation but have differing land 
use. Abandoned mines and tailings dams comprise approximately 20% of the 
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total area in the Maoshitou catchment.  
The Maoshitou and Shitouzhai catchments each have one reservoir. 
Along the water flow, the Maoshitou and Shitouzhai streams join together to 
become the main stream in the study area at R5. For ease of discussion, we 
categorized the Maoshitou stream water with low pH value and high levels of 
Fe, SO4 and heavy metals as the “AMD-impacted water”, and will refer to the 
Shitouzhai stream water as the “non-AMD-impacted water”. 
 
Fig. 7. 1 The map of the study area and sampling points 
7.2.2 Sampling and analytical methods 
7.2.2.1 Water 
Water samples were collected along the water flow (Fig. 7.1). The value of 
pH was measured using a Multi340i made in Germany. At each site, water 
samples were filtered through 0.22 μm filters and placed into 100 ml high 
density polyethylene bottles; one for major anions and another for cations and 
trace elements. Following standard methods (APHA, 1998), the latter was 
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acidified with analysis-grade HNO3 to adjust pH to below 2 in order to avoid Fe 
hydroxide precipitation and CaCO3 precipitation. Samples for isotopic analysis 
were filtered through a 0.22 μm filter and then stored in amber glass bottles. All 
of the samples were brought back to the laboratory and stored in a refrigerator 
at 4 ºC until analysis.  
Monoatomic cations were analyzed by ICP-OES (Vista MPX, Varian, Palo 
Alto, CA, USA) following USEPA method 200.7 and ICP-MS (Platform ICP, 
Micromass Corp., UK) following USEPA method 200.8, respectively. Major 
anions were measured by ICS-90 (Dionex Corp., Sunnyvale, CA, USA) 
following USEPA method 300A&B. 
7.2.2.2 Stable isotope 
(1) δ18OH2O and δ2HH2O 
Stable isotope analyses were conducted at the State Key Laboratory of 
Environment Geochemistry, Institute of Geochemistry, Chinese Academy of 
Sciences with a Thermo Finnigan Mat 253 Isotope Ratio Mass Spectrometer 
(IRMS, Thermo fisher Corp., Germany). For δ2HH2O, 0.5 mL of water sample 
was loaded in a LABCO bottle, converted to H2 at 1350 °C and passed into the 
IRMS (Mat253). In similar, δ18OH2O was determined by introducing the water 
sample into a Thermo Fisher Scientific, converted to CO at 1350 °C before 
transfer to the IRMS (Mat253). Sample preparation followed the method of 
Epstein and Mayeda (1953) for δ18OH2O and Morrison et al. (2001) for δ2HH2O. 
Reproducibility (1σ) was +1.0‰ for δ2HH2O and +0.2‰ for δ18OH2O. Stable 
isotope data are expressed in delta (δ) notation as parts per thousand (‰) 
relative to V-SMOW (Hoefs, 2009). 
(2) δ34SSO4 and δ18OSO4 
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Stable isotope analyses were conducted at the State Key Laboratory of 
Environment Geochemistry, Institute of Geochemistry, Chinese Academy of 
Sciences and continuous flow isotope ratio mass spectrometry (CF-IRMS, GV 
Instrument Corp., UK). Sulphate (BaSO4) for δ34SSO4 and δ18OSO4 analyses 
was prepared by the barium sulphate gravimetric method.  
500 μg of BaSO4 for δ34SSO4 was loaded in a Sn cup, converted to SO2 in 
a Euro EA3000 at 1000 °C and passed into the IRMS (IsoPrime). 350 μg of 
BaSO4 for δ18OSO4 was loaded in a Ag cup, converted to CO in a Euro EA3000 
at 1300 °C and passed into the IRMS (IsoPrime). The δ34SSO4 result of this 
study is expressed relative to the Canyon Diablo Troilite (V-CDT) standards 
and the δ18OSO4 result of this study is expressed relative to the Vienna 
Standard Mean Ocean Water (V-SMOW) standard, using the standard δ 
notation:  
δ34S or δ18O [‰] = [(Rsample / Rstandard) - 1] ×103                         (7.4) 
where R are 34S/32S or 18O/16O of sample and reference, respectively. 
Reproducibility was generally better than +0.2‰ for the δ34SSO4 and +0.4‰ for 
the δ18OSO4. 
7.2.3 General isotope-balance model  
For the origin of oxygen in sulfate, water and atmospheric oxygen have to 
be considered. The relative proportions of oxygen from these two sources that 
are incorporated into a newly formed sulfate molecule depend on reaction 
mechanisms (Evangelou and Zhang, 1995). The following Eq. (7.5) is applied 
to calculate the relative proportions of oxygen derived from water and air 
(Taylor and Wheeler, 1994): 
δ18OSO4 = X (δ18OH2O + ƐH2O) + (1-Χ) (δ18OO2 + ƐO2)            (7.5) 
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where X is the fraction of H2O-derived oxygen, and ƐH2O and ƐO2 are the 
isotope enrichment factors for incorporation of oxygen from water and 
atmospheric oxygen, respectively, assuming enrichment factors ƐO2 of -11.2‰ 
and ƐH2O of +4.0‰ (Taylor et al., 1984a), and a δ18O value for atmospheric 
oxygen of +23.8‰ (Horibe et al., 1973). 
7.3 Results 
The results of chemical and isotope determinations on acidic drainage and 
background water are presented in Table 7.1, along with abbreviations for 
specific sample sites. General characteristics and relationships among these 
and other data are presented as follows. 
7.3.1 General characteristics 
The range of pH measured for waters during this study was from 2.7 of the 
AMD to 8.5 of the non-AMD-impacted water (Table 7.1). Concentrations of SO4 
for AMD and AMD-impacted water ranged from 8 mg/l to 9,461 mg/l (Table 
7.1).  
The general negative correlation between pH and concentrations of SO4, 
Fe, Cu and As was shown in Fig. 7.2. The compositions of the 
non-AMD-impacted water exhibited a low degree of low concentrations of SO4 
and heavy metals and neutral pH values (Table 7.1 and Fig. 7.2). The AMD 
and AMD-impacted water had concentrations of SO4 and Fe greater than the 
criteria of Bolivian class “D” and UNFAO irrigation water guidelines, 
respectively. Along the water flow, almost samples of As for the AMD-impacted 
water were similar to that for the non-AMD-impacted water, which located 
below the criteria of 10 μg/L for WHO.  
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Fig. 7. 2 Plots of pH concentrations vs. As, Cu, Fe and SO4 for karst 
waters of representative sites in the study area. Abbreviations are as in Fig. 7.1  
7.3.2 Stable isotope composition 
Statistical results of stable isotope are summarized in Table 7.1. Mean 
value of δ18OSO4 for the AMD was higher than that for the AMD-impacted water, 
while mean values of δ18OH2O were similar in both waters. In comparison, 
mean values of δ34SSO4, δ18OSO4, δ2HH2O and δ18OH2O for the 
non-AMD-impacted water were higher than that of the AMD and 
AMD-impacted water. The mean value of ⊿δ18OSO4-H2O for AMD was higher 
than that for AMD-impacted water. 
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7.4 Discussion 
7.4.1 Principal component analysis (PCA)  
 
(a. AMD-impacted water)          (b. Non-AMD-impacted water) 
Fig. 7. 3 Results obtained from PCA for the AMD-impacted and 
non-AMD-impacted waters 
Considering the large amount of samples and variables analyzed, a 
Principal Component Analysis (PCA) of the results obtained for the 
AMD-impacted and non-AMD-impacted waters has been carried out. The first 
component described most of the sample variance (86% of the AMD-impacted 
water and 75% of the non-AMD-impacted water, respectively) (Fig. 7.3). The 
first component of the former was relevant to oxidation of pyrite (such as Fe, 
SO4, Cu and As). The first component of the latter was relevant to water-rock 
reactions (such as pH, K, Ca and Mg). The second component explained a 
lower percentage of the sample variance (25% of the non-AMD-impacted 
water, 14% of the AMD-impacted water, respectively) (Fig. 7.3). This 
component of the non-AMD-impacted and AMD-impacted waters seemed to 
be influenced by dissolution of minerals (e.g., gypsum) and water-rock 
reactions (e.g., pH, Ca and Mg), respectively. As a result, the component 
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variations can be due to the different concentrations of these elements in both 
streams as well as the differences in the predominant Fe species.  
The variable of pH for the AMD-impacted water was placed in the negative 
part of component 1 (Fig. 7.3a). In comparison, all of other variables were 
located in the positive part of component 1. It is suggested that the relationship 
of pH and other variables is negative correlation. To the contrary, most 
variables (pH, K, SO4, Al, Ca, Mg and Fe) of the non-AMD-impacted water 
were located in the positive side of component 1, meanwhile Na, Cu and Mn 
were placed in the negative part as pH value increased when the concentration 
of Na, Cu and Mn decreased (Fig. 7.3b).  
The second component of the AMD-impacted water was related to 
water-rock reactions (Fig. 7.3a). Concentrations of Fe and As decreased with 
the increase of pH, Ca and Mg. That is caused by the sedimentary carbonate 
rock prevalent in the study area. The principle components of carbonate rock 
are dolomite (CaMg(CO3)2) and limestone (CaCO3). As expected in waters that 
move across carbonate rock, the hydrochemical facies are calcium 
bicarbonate and calcium–magnesium bicarbonate. To the contrary, the second 
component of the non-AMD-impacted water was related to dissolution of 
minerals (Fig. 7.3b). This contributes that the maoshitou and shitouzhai 
catchments shared similar geology, slope, aspect, area and climate, but 
different land use since the former encompassed mining activities (Sun et al., 
2013). 
The value of pH had a different behavior from most of the variables in the 
non-AMD-impacted and AMD-impacted waters (Fig. 7.3). That is the 
component 1 of pH in the non-AMD-impacted was located in the positive side, 
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while the component 1 of pH in the AMD-impacted was contrary. This behavior 
seemed to be due to the fact that pH values of the AMD-impacted water were 
affected by AMD with low pH values and high levels of metals. However, pH 
values of the non-AMD-impacted water had an effect of water-rock reaction. 
Fe behavior was also remarkable in the AMD-impacted water: it was 
associated to Al, whereas Fe was near to and As (Fig. 7.3a). This fact can be 
due to the same origination for Fe and As in water of the maoshitou catchment 
as well as some of coals containing the high concentration for As in the study 
area, which As concentration of coal is far more than 4.61 μg/g which is 
arithmetic mean in a large part of coal in China. 
7.4.2 Stable isotopic evidence for origins of water and sulfate 
Sulfur is redox active element that participates in many geochemical and 
biogeochemical processes, and water is generally a necessary reactor. 
Consequently, stable isotope (δ34SSO4, δ18OSO4, δ2HH2O and δ18OH2O) is applied 
in this study in order to further reveal geochemical evolution information. The 
stable isotope has generally been used for pinpointing the mobility and fate of 
soluble sulfates in various compartments of the environment, from the source 
to the place of deposition (Hoefs, 2009; Krouse and Grinenko, 1991). 
7.4.2.1 Source and pathways of δ34SSO4 
A variety of environmental studies have applied the δ34SSO4 values of 
various geogenic and anthropogenic pollution sources to evaluate relative 
source strengths (Szynkiewicz et al., 2011). Of the different hydrogeochemical 
processes that may influence concentrations and isotopic compositions of 
soluble SO4 in the examined karst waters, there are three that should be 
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considered: (1) pyrite oxidation; and (2) mixing of SO4 from pyrite oxidation 
with SO4 derived from other sources such as the dissolution of evaporates and 
atmospheric inputs, and (3) anaerobic bacterial (dissimilatory) SO4 reduction. 
The results of the δ34SSO4 analyses on water samples are presented in Fig. 
7.4. The range of δ34SSO4 in the AMD and AMD-impacted water was different 
from that in the non-AMD-impacted water. This evidence suggests a different 
source of SO4 in these waters.  
Bacterial sulfate reduction (BSR) can easily yield a fractionation between 
formed sulfide and initial sulfate in terrestrial systems of around 10–20%, and 
BSR is one of the very few processes that can fractionate isotopes at the earth 
surface conditions (Van Stempvoort et al., 1990). The δ34SSO4 value difference 
in the non-AMD-impacted water is what we can expect from that particular 
process (Fig. 7.4). The T1 sample located Shitouzhai Reservoir displayed a 
lower SO4 concentration and a high δ34SSO4 value in accordance with the BSR 
process, which is supported by (Torssander et al., 2006). Along the water flow 
(Fig. 7.1), the relationship of δ34SSO4 and SO4 for from sample T2 to sample T5 
was different from that for sample T1. That is probably contributed to the 
dilution of gypsum (CaSO4·2H2O). Moreover, the δ34SSO4 value of the 
non-AMD-impacted water is included in that of rainfall SO4 (-8.1‰ — -2.0‰) 
collected in Guizhou Province (Xiao et al., 2003). It is suggested that the main 
S sources in the non-AMD-impacted water are atmospheric deposition, which, 
sometimes, are overlapped by BSR and/or gypsum dissolution. 
In comparison, both δ34SSO4 value and water chemistry showed that the 
predominantly potential source of SO4 in the AMD and AMD-impacted water is 
pyrite oxidation (Figs. 7.2 and 7.5). This is particularly evidenced by elevated 
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concentrations of As in the pyrite, pyritiferous clayey shale, and pit pond water 
and sediment, as well as by the different geochemistry of waters (Migaszewski 
et al., 2007). In addition, the δ34SSO4 of the AMD and AMD-impacted water 
showed the negative δ34S signature of pyrite and its efflorescent sulfates. It is 
interesting to note that the five samples of the AMD-impacted water were 
similar δ34SSO4 values (Fig. 7.4). This evidence suggests that bacterial and 
abiotic oxidation of metal sulfides at a pH of below 3 produces few or very 
small S isotope fractionation (Taylor et al., 1984b). The pathway of dissolved 
SO4 from the pyrite-rich zone to the AMD-impacted water would also be 
mapped out by intermittent red puddles. That was supported by (Migaszewski 
et al., 2008). 
 
Fig. 7. 4 The relationship of 1/SO4 and δ34SSO4 in AMD, AMD-impacted water 
and non-AMD-impacted water 
7.4.2.2 Spatial variations of stable isotope for the AMD-impacted and 
non-AMD-impacted waters 
Based on the results of PCA, hydrogeochemical characteristics of the 
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AMD-impacted water were dominantly controlled by pyrite oxidation, while that 
of the non-AMD-impacted water were influenced by water-rock reactions in this 
study area. Stable isotope has been the most useful in terms of providing new 
insights into hydrological processes (Kendall and MacDonnell, 1998). That 
provides an opportunity to further identify hydrochemical processes of the 
AMD-impacted and non-AMD-impacted waters. The relationship of flow course 
and stable isotope was exhibited in Fig. 7.5. The variability of δ18OH2O and 
δ2HH2O for the AMD-impacted water was similar to that for the 
non-AMD-impacted water along the water flow. It suggests that δ18OH2O and 
δ2HH2O of both waters are predominantly influenced by similar water-rock 
reactions. Concerning values of δ18OSO4 and δ34SSO4 for the AMD-impacted 
and non-AMD-impacted waters, the former was significantly lower than that of 
the latter. That is contributed that δ18OSO4 and δ34SSO4 of the AMD-impacted 
water are affected by pyrite oxidation. 
 
(a)                                    (b) 
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(c)                                    (d) 
Fig. 7. 5 The relationship of flow course and stable isotope (δ18OH2O, δ2HH2O, 
δ18OSO4 and δ34SSO4) for the AMD-impacted and non-AMD-impacted waters 
7.4.2.3 Geochemistry of oxygen isotope for water and sulfate 
The oxygen isotope composition of dissolved sulfate and water can be 
used to identify the mechanism of pyrite oxidation (Taylor et al., 1984a; Taylor 
et al., 1984b). The relationship of δ18OSO4 and δ18OH2O for the AMD and 
AMD-impacted water is shown in Fig. 7.6. Plots of δ18OSO4 and δ18OH2O for the 
AMD were far away from the T. ferro. trend line. This is suggested that SO4 of 
the AMD is probably produced under aerobic condition. Additionally, the mean 
value of 14.6‰ for ⊿δ18OSO4-H2O was much larger than 8‰ in the AMD (Table 
7.1). This appears to be associated with environments more likely to be 
aerated (Taylor and Wheeler, 1994). On the contrary, plots of δ18OSO4 and 
δ18OH2O for the AMD-impacted water were near the T. ferro. trend line. The 
mean value of ⊿δ18OSO4-H2O for the AMD-impacted water was 7‰ (Table 7.1). 
That is contributed that the AMD-impacted water is probably influenced by 
dissolution of oxidation products (secondary mineral precipitations) under 
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anaerobic condition in the Maoshitou Reservoir upstream. 
 
Fig. 7. 6 Plot of δ18OSO4 and δ18OH2O for AMD and AMD-impacted water in 
the study area. Lines for the "zero fractionation trend" (Taylor et al., 1984a) for 
sterile oxidation, is shown for comparison. 
Concerning the application of this Eq. (7.5), Lloyd (1968) indicated that it 
could be applied to evaluate contributions of water-derived and atmospheric 
oxygen in acid drainage sulfate. Knöller et al. (2004) further elucidated that the 
Eq. (7.5) could calculate contributions of water-derived and atmospheric 
oxygen for waters, which appeared to be primarily influenced by pyrite 
oxidation and were not affected by bacterial sulfate reduction. As a result of 
hydrochemical characteristics and sources of δ34SSO4, the Eq. (7.5) appears to 
be the one that is most suitable for the AMD and AMD-impacted water in the 
study area. 
The water derived oxygen in the sulfate molecule is incorporated during its 
formation with no later isotope exchange and/or dissolution of oxidation 
products (secondary mineral precipitations), and has no effect of the input of 
large dilution water. To some extent, the sulfate molecule could be influenced 
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by sulfate molecule of the input of large dilution water. This effect could be 
ignored under what conditions? If the sulfate concentration is much higher than 
that of the large dilution water, the effect will be ignored. Sun et al. (2013) 
indicated that the study area may serve as a model system that allows paired 
insight into the geochemical processes responsible for the formation of 
AMD-impacted and non-AMD-impacted waters. It also provides an opportunity 
to further identify the application condition of the Eq. (7.5). Consequently, we 
could scientifically suggest neglecting this effect if the concentration of AMD 
sulfate is at least forty times higher than the background sulfate. 
    Fig. 7.7 plots δ18OSO4 and δ18OH2O for the AMD and AMD-impacted water 
that appeared to be primarily influenced by pyrite oxidation and not affected by 
bacterial sulfate reduction. The figure also shows the calculated correlations 
for different percentages of water oxygen incorporation based on Eq. (7.5). 
The majority of AMD samples plot in a range where between 10% and 70% of 
sulfate oxygen is derived from water (average 40%). This is supported by Seal 
et al. (2003) and references therein: a number of studies have shown that, 
even in the presence of molecular O2, most of the O atoms for SO4 formed 
during pyrite oxidation are inherited from water. This is also suggests both 
aerobic and aerobic pyrite oxidation in the study area.  
    If pyrite-bearing sediments were washed into the AMD by surface runoff, 
pyrite oxidation would most likely take place in situ. In this case, significant 
incorporation of free oxygen into the sulfate molecule would be expected 
leading to higher δ18OSO4 values (such as AMD samples A5 and A2) than 
found in the other AMD samples (Fig. 7.7). Along the water flow, the 
AMD-impacted water was characterized by lower δ18OSO4 values and higher 
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percentages of oxygen incorporated from water (Fig. 7.7). This is probably 
influenced by dissolution of oxidation products (secondary mineral 
precipitations) under anaerobic condition in the Maoshitou Reservoir. 
As a result, possible sources of SO4 to the AMD and AMD-impacted 
waters are: (1) pyrite oxidation; and (2) dissolution of oxidation products 
(secondary mineral precipitations). Each of these end-member situations could 
result in different combinations of δ18OSO4 and δ18OH2O. 
 
Fig. 7. 7 Diagram comparing the δ18O composition of aqueous SO4 and 
coexisting water for samples collected in the study. The dashed lines indicate 
calculated trends (the Eq. (7.5)) for different percentages of oxygen 
incorporated from water. 
7.5 Conclusions 
The study area is one of the most important coal districts in China that 
produces serious AMD problems in a uniquely complex hydrogeologic system. 
Now the behavior of δ34SSO4, δ18OSO4, δ2HH2O and δ18OH2O is reasonably well 
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understood for the major hydrologic and geochemical processes of AMD 
production and transport. Results present principles and models for the 
isotopic compositions of the AMD and AMD-impacted water by pyrite oxidation, 
which have not been previously well-studied. The following is a list of some of 
the more important conclusions of this study: 
(1) Based on the PCA and characteristics of basic parameters, the first 
component described most of the sample variance of 86% and 75% for the 
AMD-impacted water and the non-AMD-impacted water, respectively. The 
hydrochemical characteristics of the former are predominantly affected by 
pyrite oxidation, while that of the latter is mainly influenced by water-rock 
reactions. 
(2) The hydrochemical characteristics are also coincident with the variability 
of stable isotope. The main S sources in the non-AMD-impacted water are 
atmospheric deposition, which, sometimes, are overlapped by BSR and/or 
gypsum dissolution. δ34SSO4 value showed that the predominantly potential 
source of SO4 in the AMD and AMD-impacted water is pyrite oxidation. Along 
the water flow, the composition of δ2HH2O and δ18OH2O for the AMD-impacted 
water is similar to that for the non-AMD-impacted water probably due to 
water-rock reactions under similar geology settings.  
(3) Most of plots of δ18OSO4 and δ18OH2O for AMD, AMD-impacted water were 
above the T. ferro. trend. It suggests that pyrite oxidation is predominant in 
aerobic condition. Based on general isotope-balance model, the majority of 
AMD sample plots in a range where between 10% and 70% of sulfate oxygen 
is derived from water (average 40%), which is lower than that of 
AMD-impacted sample plots. It suggests that sulfate of AMD and 
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AMD-impacted water is influenced by aerobic pyrite oxidation, which, 
sometimes, the latter probably has an effect of by dissolution of oxidation 
products (secondary mineral precipitations) under anaerobic condition in the 
Maoshitou Reservoir upstream. 
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Table 7. 1 Isotopic and chemical data for karst waters 
Item AMD AMD-impacted water Non-AMD-impacted water
8OSO4 (‰) 
Min 0.3 -3.0 4.5 
Max 10.7 -1.9 6.8 
Avg 4.9 -2.6 5.6 
SD 4.0 0.4 1.0 
δ18OH2O (‰) 
Min -10.0 -10.0 -9.5 
Max -9.4 -9.2 -8.2 
Avg -9.7 -9.6 -8.9 
SD 0.2 0.3 0.5 
a⊿18OSO4-H2O (‰)
Min 9.9 6.5 14.0 
Max 20.7 7.3 15.7 
Avg 14.6 7.0 14.7 
SD 4.2 0.3 0.9 
δ2HH2O (‰) 
Min -65.2 -64.2 -62.7 
Max -61.7 -62.5 -57.8 
Avg -62.9 -63.4 -60.8 
SD 1.1 0.7 2.2 
δ34SSO4 (‰) 
Min -14.9 -10.5 -7.1 
Max -6.0 -10.3 -4.1 
Avg -11.1 -10.3 -6.3 
SD 3.3 0.1 1.2 
b pH 
Min 2.7 2.9 7.2 
Max 2.9 3.8 8.5 
Avg 2.8 3.3 7.9 
SD 0.1 0.3 0.6 
b Ca (mg/L) Min 64 59 27 
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Item AMD AMD-impacted water Non-AMD-impacted water
Max 373 77 67 
Avg 240 65 57 
SD 101 7 17 
b Mg (mg/L) 
Min 12 12 2 
Max 92 15 10 
Avg 45 13 8 
SD 31 1 3 
b Fe (mg/L) 
Min 23 7 0.02 
Max 1125 44 2 
Avg 317 18 0 
SD 372 15 1 
b SO4 (mg/L) 
Min 1259 737 8 
Max 9461 1647 33 
Avg 4411 1079 24 
SD 2486 338 10 
b Cu (μg/L) 
Min 42 92 3 
Max 361 175 4 
Avg 121 127 3 
SD 110 30 1 
b As (μg/L) 
Min 4 8 4 
Max 1130 11 9 
Avg 310 9 7 
SD 415 1 2 
 
a⊿δ18OSO4-H2O = (δ18OSO4) – (δ18OH2O) 
bdata of the AMD-impacted and non-AMD-impacted waters are from Sun et al., 
(2013). 
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8 Conclusions and future work 
8.1 General conclusions 
Many rivers are seriously affected by AMD, which is one of the most 
significant environmental challenges worldwide (Cánovas et al., 2012; Edraki 
et al., 2005). The basic problem is simple: sulfides (mainly pyrite, FeS2) when 
exposed to oxygen and water can oxidize, release heavy metals and SO4 can 
exhaust the bicarbonate buffering capacity of the receiving (Morin and Hutt, 
1997), which is described in Table 8.1. AMD is the effluent from deserted 
mines, dumps, tailing dams and open pits with low pH value and high 
concentrations of Fe, Al, SO4, together with heavy metals such as Cu, Zn, Cd 
and As. It is often the case that AMD from the mining area is released to 
down-gradient watersheds with little or no treatment (Gammons et al., 2010). 
In addition, AMD will continually affect the surrounding environment even long 
after the mining activity has been ended (Arambarri et al. 1996; 
Hudson-Edwards et al. 2003; Johnson and Hallberg 2005; Sun et al. 2009; 
Strosnider et al. 2011a, b).  
Traditionally, AMD studies have addressed the question by observing the 
physical, chemical and hydrodynamic characteristics of waters affected by 
AMD (e.g., Arambarri et al. 1996; Acero et al. 2006; Olías et al. 2006; Lin et al. 
2007; Satapathy et al. 2009; Casiot et al. 2003, 2009; Grande et al. 2010), 
while very few researches have tried to quantify the effect of mining activities 
on hydrogeochemical characteristics. Present-day knowledge of the spatial 
variability of the characteristics of the karstic medium leaves many questions 
still unanswered (Moral et al. 2008). There exist gaps between our knowledge 
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and the process of behaviors of heavy metals derived from AMD in watersheds, 
especially in karst water. Karst water, which is one of the most important water 
resources in karst mountain areas, is extremely sensitive to mining activities. 
Many researchers focus on hydrochemical characteristics, neutralization, 
isotopic composition of karst waters affected by AMD, and the interaction of 
acid mine drainage with a carbonate terrane (e.g., Sasowsky and White, 1993; 
Sherlock et al., 1995; Webb and Sasowsky, 1994; Gammons et al., 2003, 
2013). To date, there is no baseline data to understand the degree and type of 
many streams with AMD impairment. 
Studies of AMD worldwide in the non-karst and karst areas are mainly 
summarized in Table 8.2. As a result, a typical karst-dominated watershed in 
Xingren County, Guizhou Province, SW China, was chosen. This research 
elucidated the migration and transfer of heavy metals (Pb, Cd, Zn and As) and 
quantified contamination degree and type for karst waters with AMD impact. 
For discussion purposes, we arbitrarily categorize the Maoshitou stream and 
main channel waters with low pH value and high levels of Fe, SO4 and heavy 
metals as the AMD-impacted water, and will refer to the Shitouzhai stream and 
springs waters without AMD as the non-AMD-impacted water. The details are 
below: 
(1) Chemical compositions of the AMD-impacted water in the study area were 
controlled by the dissolution of carbonate rocks or/and the oxidation of pyrite in 
the mining area. Arsenic species of the mining area water changed from As(III) 
to As(V) when the Eh increased along the flow direction, and stable species of 
As (V) changed from H2AsO4- into HAsO42-, which was also As stable species 
in the background water. Cadmium concentrations were found higher in the 
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wet season than dry season. However, pH values and concentrations of As, Zn 
and Cu in the wet season were lower than that in the dry season. 
(2) Hydrogeochemical characteristics of the AMD-impacted water were 
dominantly controlled by oxidation of pyrite, while that of non-AMD-impacted 
were influenced by water-rock reactions. Upstream, unit ion fluxes of the 
AMD-impacted catchment for Ca, Mg, H, Fe and SO4 were 17 g/(m2·yr), 2 
g/(m2·yr), 0.0002 g/(m2·yr), 17 g/(m2·yr) and 136 g/(m2·yr), respectively, while 
unit ion fluxes of the non-AMD-impacted catchment were much lower than that 
of the AMD-impacted catchment. Along the flow, fluxes of H, Ca, Mg, Fe and 
SO4 decreased in the AMD-impacted water, but increased in the 
non-AMD-impacted water. The observation was coincident with variations of 
ion concentrations in both waters along the flow, supported by PHREEQC 
modeling of minerals such as goethite, jarosite(ss), melanterite, scorodite, 
calcite, and dolomite. It suggests that the transport of constituents of interest 
(except for Ca and Mg) is dramatically different in these catchments. 
(3) The most of δ2HH2O and δ18OH2O values of AMD, Maoshitou stream, springs 
and main channel waters plotted above the local meteoric water line (LMWL), 
except that the Shitouzhai stream water was below the LMWL. The isotope 
compositions of AMD and Maoshitou stream water were characterized by 
significant variability (δ18OH2O between -9.5‰ and -9.2‰ and δ2HH2O between 
-59‰ and -54‰, δ18OH2O between -9.5‰ and -9.3‰ and δ2HH2O between 
-61‰ and -57‰, respectively) due to the process of pyrite oxidation. The 
Shitouzhai stream and springs waters are the background water in the study 
area. The composition of δ2HH2O and δ18OH2O for the former was influenced by 
the re-evaporation and water-rock interaction, and that for the latter was 
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controlled by the re-condensation. Along the water flow, the main channel 
water is recharge by springs, Maoshitou stream and Shitouzhai stream waters. 
The composition of δ2HH2O and δ18OH2O for the main channel water was 
coincident with the characterics of water mixing, supported by 
three-component mixing modeling of upstream springs, Shitouzhai stream and 
Maoshitou stream waters. Water fluxes helps to understand the contribution 
rates of Maoshitou stream (34.6%), Shitouzhai stream (10.6%), springs 
(54.8%) to the main channel water. It suggests that the composition of δ2HH2O 
and δ18OH2O for the main channel water was mainly affected by the Maoshitou 
stream water rather than the background water (springs and Shitouzhai stream 
waters). 
(4) The sources of δ34SSO4 of the Maoshitou stream and Shitouzhai stream 
waters were predominant pyrite oxidation, atmospheric deposition of the 
Shitouzhai stream water, and anaerobic bacterial (dissimilatory) SO4 reduction 
of the spring water, respectively. The sources of δ18OSO4 of AMD corresponded 
to incorporation of between 10% and 70% water-derived O2 during pyrite 
oxidation. The observation was coincident with variations of hydrochemical 
characteristics in the Maoshitou stream and Shitouzhai stream waters in this 
study, supported by PCA modeling of variables analysis. It suggests that the 
first component of 86% for the Maoshitou stream water was controlled by 
pyrite oxidation, while that of 75% for the Shitouzhai stream water was 
influenced by water-rock reactions. 
In the study area, concentrations of constituents of concern associated 
with AMD (such as Fe, Mn, SO4, Cu, Zn, Cd and As) were much too higher 
than that of water guidelines of WHO and USEPA (Tables 4.1 and 4.4), which 
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are coincident with dynamics of stable isotope (δ2HH2O, δ18OH2O, δ34HSO4 and 
δ18OSO4). Along the stream flow, concentrations of contaminated ions 
decreased with the rise of pH value (e.g., Fig. 4.7). The stream affected by 
AMD becomes groundwater at site 34, and flux net values of Cu and Zn in the 
reach between S35-S34 are positive (Fig. 4.7). It suggests that the area is the 
place where heavy metals can return to stream water again because of 
desorption or redissolution from the sediments on the stream bed. That could 
be easy to cause the secondary pollution for karst water. In the reach of 
downstream, concentrations of some polluted ions (mainly, As) were still higher 
than that of guidelines of WHO and USEPA (Table 4.4). Of the anionic 
metalloids, only As may jeopardize plants, soil biota and humans. In addition, 
the complex system of karst groundwater is one of the most important water 
resources in karst areas. Consequently, it should be paid more attention to 
AMD treatments in karst areas. General remediation options (neutralization 
and biological remediation) for surface water are as follows. 
Generally, AMD treatment systems use alkali to increase the water pH 
and to precipitate metals as hydroxides and carbonates (Santos et al., 2004). 
A simple and handleable method to add alkalinity to acidic water is through its 
direct contact with limestone based on the following reactions (Gazea et al., 
1996): 
CaCO3 + 2H+     Ca2+ + H2CO3                          (8.1) 
CaCO3 + H2CO3     Ca2+ + 2HCO3-                       (8.2) 
In order to achieve the maximum precipitation efficiency of the metals, 
sulphide precipitation should be considered, which is a more effective process 
for the treatment of wastes highly contaminated with heavy metals, but has the 
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important disadvantage of leading to the formation of the H2S at low pH values 
(Feng et al., 2000). The method is simple easy to operate, while drawbacks 
are: (1) the production of high bulky sludge volumes that require further 
treatment and high disposal costs; and (2) high costs for the large amount of 
chemicals used. 
Biological remediation can overcome the shortcoming of high investment 
for limestone neutralization. It has been pointed out as an alternative to 
traditional treatment methods of effluents contaminated with heavy metals 
(Volesky, 2001). Many different mechanisms have been proposed to describe 
biosorption of metal by biomass, such as ion exchange, adsorption of simple 
ionic species and hydrolysis products of metal ions (Forster and Wase, 1997). 
The ionic binding of metallic ions to biomass can be displayed as follows:  
Mn+ + HnA     MA + nH+                               (8.3) 
where M is the metal, n its charge and A the biosorptive active centre. 
Equation (6.3) suggests that biosorption reactions are favoured by the 
increase in pH. The efficiency of the method is also inhibited by high levels of 
concentrations for sulfate and heavy metals. 
8.2 Future work 
As one of the most significant environmental challenges worldwide, many 
rivers are seriously affected by AMD due to mining activities related to 
concentrations of metal sulfides (Cánovas et al., 2012; Edraki et al., 2005). 
Sulfides (mainly pyrite, FeS2) when exposed to oxygen and water can oxidize, 
release heavy metals and SO4 can exhaust the bicarbonate buffering capacity 
of the receiving (Morin and Hutt, 1997). According to the oxidation pathways of 
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pyrite, water is a necessary reactor. Effective remediation measures for AMD 
must take into account the relative importance of these two processes, sulfide 
oxidation and bacterial (dissimilatory) sulfate reduction (Knöller et al., 2004). 
Traditional AMD treatment systems use alkaline materials to neutralize 
acidic mine waters and precipitate metals, other technologies (such as ion 
exchange, reverse osmosis and electro-dialysis) are available to treat AMD 
waters (for reviews, see Johnson and Hallberg, 2005; Papirio et al., 2012). 
However, the disadvantages of all these treatments include high capital 
investments, inefficient removal of sulfate and a bulky sludge disposal problem 
because of the need of drying facilities and further treatment (Cohen, 2006; 
Aziz et al., 2008). 
Lately, sulfate-reducing fluidized-bed reactors (FBR) have received much 
attention as promising biotechnologies for AMD treatment due to overcoming 
disadvantages of traditional AMD treatment systems (for reviews, see Lens et 
al., 2002; Neculita et al., 2007). This bio-process is based on biological 
hydrogen sulfide and alkalinity production by sulfate-reducing bacteria (SRB). 
SRB as a unique group of prokaryotes can be found in natural environments 
where anoxic conditions prevail (Neculita et al., 2007). Metal cations and 
oxyanions can be toxic to the SRB at high concentrations (for review, see 
Kaksonen and Puhakka, 2007). However, literature lacks metal and sulfide 
toxicity studies in sulfate-reducing FBR (for review, see Papirio et al., 2012). 
What is the relationship of the SRB distribution and removal efficiency of 
constituents of concern in AMD-impacted water? What is the threshold of 
metal and sulfide toxicity to SRB? Because biological sulfate reduction is 
inhibited by many factors (e.g., SRB, pH, hydrogen sulfide, high metal 
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concentrations and oxyanions) (Kaksonen and Puhakka, 2007). It is extremely 
difficult to resolve these problems in sulfate-reducing FBR in lab. 
As a result, a typical karst-dominated watershed, my past research area, 
was chosen. The main reason is the presence of two catchments with and 
without AMD impacts that give a unique opportunity to solve these problems 
and serve as a model system that allows paired insight into biological sulfate 
reduction processes. In addition, my past research has elucidated the 
contamination degree and hydrogeochemical characteristics of AMD-impacted 
water in this study area (e.g., Sun et al., 2012, 2013). 
Consequently, SRB will be chosen to further clarify the sulfide oxidation 
and biological sulfate reduction processes. Based on the field results, metal 
and sulfide toxicity studies to SRB will be simulated in sulfate-reducing FBR in 
order to quantify the threshold of metal and sulfide toxicity to SRB. Results in 
field and lab will provide important information on SRB response to AMD, 
together with the baseline data to improve the efficiency of AMD treatment 
using sulfate-reducing FBR. 
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Table 8. 1 The main process of pyrite oxidation 
pH Oxidant Reaction Note Reference
>4 O2 
 
 
FeS2 + 7/2O2 + H2O      Fe2+ + 2SO42- +2H+  
（8.4） 
The rate of reaction (8.4) 
is limited by the 
availability of dissolved 
oxygen and therefore 
this reaction may 
represent the common 
reaction for pyrite 
oxidation under O2 
saturated conditions.  
Under acidic conditions 
(pH < 3), reaction (8.5) 
can be the rate limiting 
step for reaction (8.6) 
and bacterial (e.g., A. 
ferrooxidans and T. 
ferrooxidans) oxidation 
of Fe2+ at this low pH is 
several orders of 
magnitude faster than 
abiotic oxidation.  
To maintain reaction 
(8.6), however, Fe(III)aq 
must be generated by 
the reaction (8.5). 
Garrels 
and 
Thompson
, 1960; 
Singer and 
Stumm, 
1970; 
Taylor et 
al., 1984a, 
b; 
Nordstrom 
and 
Southam, 
1997 
<4 Fe(III) 
 
 
Fe2++1/4O2+H+          Fe3++1/2H2O 
                             （8.5） 
 
 
 
FeS2+14Fe3++8H2O 15Fe2++2SO42-+16H+  
（8.6） 
 
Table 8.2 Studies of AMD worldwide in the non-karst and karst areas 
Item Present studies References Questions 
Non-karst 
area 
Mainly observing the physical, 
chemical and hydrodynamic 
characteristics of waters 
affected by AMD in many 
researches. 
e.g., Arambarri et al. 
1996; Acero et al. 2006; 
Olías et al. 2006; Lin et al. 
2007; Satapathy et al. 
2009; Casiot et al. 2003, 
2009; Grande et al. 2010 
(1) There exist gaps 
between our knowledge 
and the process of 
behaviors of heavy metals 
derived from AMD in 
watersheds, especially in 
karst water; and 
(2) To date, there is no 
baseline data to 
understand the degree and 
type of many streams with 
AMD impairment. 
Karst 
area 
 
Elucidating hydrochemical 
characteristics, neutralization, 
isotopic composition of karst 
waters affected by AMD, and 
the interaction of acid mine 
drainage with a carbonate 
terrane. 
 
e.g., Sasowsky and 
White, 1993; Sherlock et 
al., 1995; Webb and 
Sasowsky, 1994; 
Gammons et al., 2003, 
2013 
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